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Pharmaceuticals and personal care products (PPCPs) are of serious 
concern in the aquatic environment due to the widespread occurrence and 
potential toxicity to aquatic organisms. Photolysis and TiO2 photocatalysis are 
promising techniques for PPCPs elimination. Photolysis and TiO2 
photocatalysis of two common PPCPs including tetracycline (TC) and 
ciprofloxacin (CIP) were investigated using UVA light-emitting diodes 
(UVA/LED) as the light source. The effect of background natural organic 
matter (NOM) on photolytic and photocatalytic decomposition of TC/CIP was 
studied because NOM is the predominant light absorber in natural waters and 
it can generate/scavenge reactive radicals under irradiation. The relationship 
between NOM properties and their effect on PPCPs decomposition was 
preliminarily deduced to provide further insights into the impact of NOM on 
photolysis and photocatalysis. 
Photolytic and photocatalytic decomposition kinetics and transformation 
products (TPs) of TC and CIP were investigated under UVA/LED irradiation. 
The highest decomposition rates of TC were attained at pH 10 during 
photolysis (0.5932 min-1) and photocatalysis (0.6596 min-1), while they were 
attained at pH 8 for CIP during photolysis (0.0279 min-1) and photocatalysis 
(0.3109 min-1). Photolysis and photocatalysis of TC shared similar reaction 
pathways of hydroxylation, N-demethylation, H-abstraction and H2O 
elimination. Photolysis and photocatalysis of CIP proceeded through 
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defluorination, hydroxylation, dealkylation/oxidation of the piperazine ring 
and oxidation of quinolone ring. The UVA/LED/TiO2 system could be 
energy-efficiently applied (0.58-4.89 kWh/m3/order) for rapid decomposition 
(0.0769-0.6596 min-1) of TC/CIP. 
The effect of Sigma Aldrich humic acid (SAHA) on the reaction kinetics 
and TPs of TC during photolysis and photocatalysis was investigated for the 
first time. Results revealed that photolytic decomposition rate constants of TC 
were increased by 34% with increasing concentration of SAHA from 0 to 5 
mg/L. This could be due to the enhanced photosensitization pathway with 
evidences of the existence of •OH and 3HA*. The most abundant TP of TC, 
which was formed by the attack of •OH, was enhanced in its formation during 
photolytic decomposition. Photocatalytic decomposition rate constants of TC 
were reduced by 76% in the presence of 1 mg/L SAHA, due to TiO2 surface 
deactivation and •OH quenching. SAHA also inhibited the oxidation pathways 
initiated by •OH during photocatalytic decomposition of TC. 
Three NOM isolates including SAHA, Suwannee River humic acid 
(SRHA) and Suwannee River NOM (SRNOM) were selected and their 
influence on photolysis and photocatalysis of CIP was studied for the first time. 
Results showed that photolytic decomposition kinetics of CIP was unaffected 
by NOM. However, photocatalytic decomposition of CIP was dramatically 
suppressed by NOM with the order of SAHA (49.6%) > SRHA (22.9%) > 
SRNOM (21.2%), consistent with their orders of aromaticity and •OH 
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quenching ability. In addition, hydroxylation was inhibited by NOM due to 
•OH/hole competition. Oxidation of piperazine ring was intensified by NOM 
due to photoinductive effect during photocatalysis, with the order of SRNOM > 
SRHA > SAHA, consistent with their degrees of carboxyl contents and O/C 
ratios. These findings may provide better understandings on the role of NOM 
properties in influencing reaction kinetics, reactive species and TPs formation 
during photolysis and photocatalysis. 
 
Keywords: Natural organic matter, photolysis, photocatalysis, tetracycline, 
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CHAPTER 1 INTRODUCTION 
1.1 Background 
Water scarcity is one of the greatest challenges in the 21th century as a 
result of the increasing water demand by the growing population and water 
pollution. In recent years, water pollution with emerging contaminants (ECs) 
is of growing concern worldwide due to their widespread occurrence and 
potential risks to the aquatic ecosystem and human health. Pharmaceuticals 
and personal care products (PPCPs) have emerged as a major group of ECs 
over the past decades. PPCPs have been extensively used in human and 
veterinary drugs to prevent or treat diseases, to enhance growth of livestock; 
and personal care products and household chemicals to improve the quality of 
daily life (Daughton and Ternes, 1999). As a result, residual PPCPs have been 
frequently detected in different water compartments, including wastewater, 
surface water (river, lake, stream and estuary), groundwater and even drinking 
water (Santos et al., 2010; Liu and Wong, 2013), with their concentrations of 
ng/L to several μg/L. Although the concentrations of PPCPs are very low, the 
continuous input of PPCPs may pose potential ecological and health risks to 
aquatic organisms and human due to the long-term exposure and synergic 
effects (Santos et al., 2010).  
The widespread occurrence of PPCPs in the environment and their 
potential toxicity to animals and human beings suggest the need to develop 
efficient elimination technologies. Thus, a number of water treatment 
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processes have been developed, including activated carbon adsorption, 
membrane filtration and oxidation processes (Esplugas et al., 2007; Homem 
and Santos, 2011; Rivera-Utrilla et al., 2013). Among these technologies, 
photolytic and photocatalytic decomposition have shown great efficiencies in 
PPCPs decomposition, which represent possible complementary methods to 
conventional water treatment in the future (Fatta-Kassinos et al., 2011).  
Photolytic and photocatalytic decomposition of PPCPs could be affected 
by various factors, including light wavelength and intensity, catalyst loading, 
initial substrate concentration, solution pH and water matrix components 
(Chong et al., 2010; Fatta-Kassinos et al., 2011). Among these factors, the 
property of the light source is of critical importance in the UV-driven 
processes. In most studies, low-pressure and medium-pressure mercury UV 
lamps were used as light sources during photolytic and photocatalytic 
decomposition of PPCPs (Canonica et al., 2008; Kim et al., 2009; Martínez et 
al., 2013). However, the drawbacks of these mercury UV lamps greatly restrict 
these processes for further large-scale applications, due to the low photonic 
efficiency, high energy consumption, large volume, short lamp life-span 
(around 8,000 h) and potential risk of hazardous mercury release (Autin et al., 
2013c; Xiong and Hu, 2013). To address these concerns, new devices for 
delivering UV light, remain to be developed.  
In addition, the background natural organic matter (NOM) plays a 
significant role in photolytic and photocatalytic processes because it is the 
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predominant light absorber in natural waters. The absorption of light by NOM 
could lead to the formation of singlet (1NOM*) and triplet excited states 
(3NOM*) from which highly reactive oxygen species (ROS) could be further 
generated, including hydroxyl radical (•OH), singlet oxygen (1O2), peroxyl 
radicals (•OOR) and superoxide (O2•-) (Figure 1.1) (Zhan et al., 2006; Caupos 
et al., 2011; Jacobs et al., 2012). These ROS are responsible for PPCPs 
decomposition during photolysis and photocatalysis.  
 
Figure 1.1 The scheme of proposed mechanism of photosensitized degradation 
in the presence of HS. 
Meanwhile, NOM could compete with PPCPs for ROS in the system, 
inhibiting the elimination of PPCPs. Previous studies showed that the presence 
of NOM could either promote (Zhang et al., 2007; Caupos et al., 2011; Jacobs 
et al., 2011) or inhibit (Schmitt-Kopplin et al., 1999; Hu et al., 2007; Avisar et 





decomposition, probably due to the different contaminants and the nature and 
concentration of NOM (Hu et al., 2007; Li et al., 2011a; Ji et al., 2013). 
However, the impact of NOM on the decomposition of PPCPs during 
photolytic and photocatalytic decomposition remains to be further 
investigated. 
1.2 Problem statement 
Photolytic and photocatalytic decomposition of PPCPs have been 
conducted previously by using low-pressure (Canonica et al., 2008; Kim et al., 
2009; Guo et al., 2013) and medium-pressure (Mboula et al., 2012; Zhu et al., 
2013; Haddad and Kümmerer, 2014) mercury UV lamps as the light source. 
However, this kind of lamp suffers from a lack of reliability, efficiency and 
durability, which hampers its larger scale application (Dominguez et al., 2015). 
Another serious defect of mercury UV lamps is the risk of mercury 
contamination in case of lamp breakage. To protect human health and the 
environment from anthropogenic releases of mercury, the United Nations 
Environment Program (UNEP) has signed an agreement to significantly 
control mercury-added products and manufacturing processes by the year 
2020 (UNEP, 2013). This agreement will significantly affect the application of 
mercury UV lamps in environmental pollution abatement.  
The development of UV light emitting diode (UV/LED) provides a 
promising alternative to the conventional mercury lamps. UV/LED contains a 
semiconducting material that emits light in a narrow spectrum. It possesses 
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higher efficiency in converting electricity into light and longer life time. Thus 
UV/LED represents a safe, energy-saving and potentially practical light source 
in UV-based applications. Mass production of UV/LED has only been 
available since 2003 (Wang and Ku, 2006). Since then, photolytic and 
photocatalytic applications of UV/LED have been investigated on a variety of 
organic pollutants, including phenols (Ghosh et al., 2009; Jamali et al., 2013), 
dyes (Wang and Ku, 2006; Natarajan et al., 2011a; Natarajan et al., 2011b; 
Tokode et al., 2012; Eskandarian et al., 2016) and pesticides (Yu et al., 2013; 
Hossaini et al., 2014). Very recently, decomposition of pharmaceuticals by 
UV/LED and UV/LED/TiO2 were investigated, including acetaminophen 
(Xiong and Hu, 2012), sulfamethoxazole (Izadifard et al., 2013), cefixime 
(Eskandarian et al., 2016), phenazopyridine (Eskandarian et al., 2016), 
atenolol and ibuprofen (Arlos et al., 2016). Up to now, the utilization of 
UV/LED devices in water and wastewater treatment is still at an initial stage, 
and there is a need to explore the ability of UV/LED to decompose a great 
number of organic pollutants, especially PPCPs by photolytic and 
photocatalysis. 
NOM, as a ubiquitous component in natural waters, plays an important 
role in photolytic and photocatalytic decomposition of PPCPs. However, due 
to the complex mechanisms of NOM, inconsistent or even contrary results 
were obtained on the effect of NOM on photolytic and photocatalytic 
decomposition of PPCPs (Hu et al., 2007; Caupos et al., 2011; Zhou et al., 
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2013). Some studies showed that the presence of NOM promoted photolysis 
and photocatalysis due to photosensitization effect (Zhang et al., 2007; Caupos 
et al., 2011; Jacobs et al., 2011), while other found that NOM inhibited 
photolysis and photocatalysis due to competition for light and •OH radicals 
(Schmitt-Kopplin et al., 1999; Hu et al., 2007; Avisar et al., 2013; Zhou et al., 
2013). To date, the mechanistic impact of NOM on PPCPs decomposition 
during photolysis and photocatalysis is still not fully understood. Additionally, 
most of previous studies focused on the effect of NOM on the decomposition 
efficiencies and the reaction kinetics of PPCPs, but the impact of NOM on the 
transformation products (TPs) and pathways of PPCPs has rarely been studied. 
Therefore, more research effort is needed to improve the understanding of the 
impact of NOM on the fate and transformation of PPCPs by photolytic and 
photocatalytic decomposition processes. 
In addition, the physicochemical characteristics of NOM are expected to 
affect the decomposition of PPCPs. NOM consists of a range of aromatic and 
aliphatic organic compounds including humic substances and biomolecules 
(Caupos et al., 2011; Matilainen et al., 2011) and their physicochemical 
properties vary widely according to different origins (Matilainen et al., 2011). 
Recent studies have shown that the differences in NOM characteristics could 
affect PPCPs decomposition during photolysis (Caupos et al., 2011; Jacobs et 
al., 2011) and photocatalysis (Ji et al., 2013; Maeng et al., 2015; Van 
Doorslaer et al., 2015). For example, Zhan et al. (2006) found that fulvic acid 
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showed stronger capability than humic acid to sensitize the photolytic 
decomposition of bisphenol A (BPA) (p < 0.05), which may be attributed to 
the lower molecular weight of fulvic acid. Maeng et al. (2015) reported that 
the presence of L-tyrosine and Suwannee River NOM (SRNOM) kinetically 
retarded the photocatalytic decomposition rates of cimetidine by TiO2 
nanofibers and the inhibitory effect was more significant by SRNOM due to 
its stronger light attenuation. However, research on the impact of different 
characteristics of NOM on photolytic and photocatalytic decomposition is still 
quite limited. Little information is available on the relationship between the 
characteristics of NOM and their photoreactivity. Furthermore, effects of 
NOM characteristics on the changes of TPs/pathways of PPCPs during 
photolytic and photocatalytic decomposition remain to be investigated. 
1.3 Research objectives and scopes 
In view of the above, the overall objective of this research was therefore to 
evaluate the influence of NOM on the kinetics and mechanisms of PPCPs 
decomposition during photolysis and photocatalysis using a UV/LED system. 
Reaction kinetics, reactive species and photoproducts will be investigated 
during photolytic and photocatalytic decomposition of PPCPs in the absence 
and presence of NOM. The specific objectives are listed as follows: 
1) Evaluate the decomposition efficiency and energy consumption of a 
UV/LED system for PPCPs decomposition by photolysis and photocatalysis; 
2) Identify the TPs and pathways of PPCPs by photolysis and 
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photocatalysis using UV/LED; 
3) Assess the effect of different NOM characteristics on reaction kinetics 
of PPCPs during photolytic and photocatalytic reactions;  
4) Evaluate the effect of different NOM characteristics on the types and 
abundances of TPs during photolytic and photocatalytic decomposition of 
PPCPs; 
5) Deduce possible relationship between NOM properties and NOM 
photoreactivity and photo-induced decomposition products. 
The research scope is shown in Figure 1.2. The overall research can be 
divided into three parts. The first part is to investigate PPCPs decomposition 
during photolysis and photocatalysis under UV/LED light source. Reaction 
kinetics, reactive species and TPs will be evaluated. The reaction pathways of 
TC and CIP during photolytic and photocatalytic decomposition will be 
proposed. The second part is NOM selection and NOM characterization. 
Different NOM isolates are selected and their properties such as optical 
properties (UV-Vis absorption and fluorescence emission), molecular weight 
and aromaticity will be measured or evaluated. Then, the impact of NOM on 
photolytic and photocatalytic decomposition of TC and CIP will be studied. 
Reaction kinetics will be compared with or without NOM. The contribution of 
different reactive species generated by NOM will be determined by the use of 
a variety of scavengers. The impact of NOM on the species and abundances of 
TPs during photolytic and photocatalytic decomposition of TC and CIP will be 
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evaluated. The relationship between NOM properties and NOM 
photoreactivity will be deduced preliminarily. These results can enrich the 
theoretical knowledge on the effect of NOM on photolytic and photocatalytic 
decomposition of PPCPs. In addition, this study may provide further insights 
into the assessment of photolysis and photocatalysis for PPCPs decomposition 
in aquatic environment, where NOM is ubiquitously present. 
 
Figure 1.2 Flow chart of the research scope. 
 
1.4 Contributions of this research 
Firstly, a newly-emerged UV/LED light source was applied in this study to 
investigate the transformation kinetics and mechanisms of common PPCPs 
during photolysis and photocatalysis. UV/LED has the potential to replace 
mercury UV lamps because they are small, safe and energy-efficient. 
UV/LED 
photoreactor  setup








Further insights into the impact of NOM properties on 











Therefore, this study provides new information for applications of UV/LED in 
water environment protection and water/wastewater treatment. 
Secondly, the effect of NOM on the reaction mechanisms is not fully 
understood currently, especially for the impact of NOM on the types and 
amounts of ROS/TPs during photolysis and photocatalysis. In this study, the 
formations of ROS and TPs were compared with or without NOM addition 
during photolysis and photocatalysis of PPCPs. Thus, it provides further 
insights into the assessment of photolysis and photocatalysis for PPCPs 
elimination in natural waters where HA exists ubiquitously. 
Lastly, research on the impact of different characteristics of NOM on 
photolytic and photocatalytic decomposition is quite limited. Effect of NOM 
characteristics on changes of reaction kinetics, TPs/pathways of PPCPs during 
photolysis and photocatalysis was investigated. Furthermore, relationship 
between NOM characteristics and their effects on PPCPs decomposition is 
primarily discussed. The findings in this study may provide further insights 
into the role of NOM properties in influencing reaction kinetics, reactive 
species and TPs formation of PPCPs during photolysis and photocatalysis. 
1.5 Thesis structure 
Generally, this thesis is comprised of eight chapters. Chapter 1 provides a 
general introduction and states the research problem and objectives of this 
study. Chapter 2 provides a detailed literature review on the occurrence of 
PPCPs in the aquatic environment, mechanisms and key concerns of 
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photolytic and photocatalytic processes, development and application of 
UV/LED for wastewater treatment, and the effect of NOM on photolytic and 
photocatalytic decomposition as well. Chapter 3 describes the materials and 
design of the photolytic and photocatalytic experiments. Analytical methods of 
NOM, PPCPs and TPs, as well as data analysis methods are provided.  
Results and discussion on the effect of NOM on photolytic and 
photocatalytic decomposition of TC and CIP are presented from Chapter 4 to 7. 
Specially, Chapter 4 presents the results on photolytic and photocatalytic 
decomposition of TC under UV/LED irradiation. Reaction kinetics and 
mineralization of TC were investigated. The reaction mechanisms of TC 
decomposition by photolysis and photocatalysis were elucidated by identifying 
the reactive species and intermediates/pathways. Electrical energy 
consumption of the UV/LED system for TC decomposition by photolysis and 
photocatalysis was estimated. Chapter 5 examines the effect of NOM on the 
reaction kinetics and intermediates of TC during photolysis and photocatalysis. 
Chapter 6 describes the reaction kinetics, mineralization, intermediates and 
pathways of CIP during photolytic and photocatalytic decomposition. 
Electrical energy consumption of UV/LED and UV/LED/TiO2 systems for CIP 
decomposition was compared. The effect of NOM characteristics on 
photolytic and photocatalytic decomposition of CIP is discussed in Chapter 7. 




Finally, major conclusions derived from this study and recommendations 
for future work are summarized in Chapter 8.  
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CHAPTER 2 LITERATURE REVIEW 
2.1 Occurrence, health impacts and removal of pharmaceuticals and 
personal care products (PPCPs) 
Pharmaceuticals and personal care products (PPCPs) refer to a diverse 
group of compounds including pharmaceutical and veterinary drugs, 
ingredients in cosmetics, food supplements and other personal care products, 
as well as their respective metabolites and TPs (Daughton and Ternes, 1999). 
PPCPs contain diverse groups of organic compounds, such as antibiotics, 
hormones, anti-inflammatories, antidepressants, antiepileptics, beta-blockers, 
blood lipid regulators and cytostatic drugs for pharmaceuticals; disinfectants, 
fragrances, preservatives, insect repellants and sunscreen UV filters for 
personal care products (Daughton and Ternes, 1999). Studies have shown that 
PPCPs are not completely removed in the conventional wastewater treatment 
plants (WWTPs) (Watkinson et al., 2007; Gao et al., 2012a; Rivera-Utrilla et 
al., 2013). As a result, residual PPCPs are continually released into the 
downstream water bodies via the insufficiently treated effluent discharge 
(Kasprzyk-Hordern et al., 2008). 
2.1.1 Occurrence of PPCPs in the environment 
The presence of PPCPs in the aquatic environment is well documented 
throughout the world (Kolpin et al., 2002; Andreozzi et al., 2003; 
Kasprzyk-Hordern et al., 2008; Kümmerer, 2009; Bu et al., 2013; Li, 2014). 
For example, 203 PPCPs have been identified in surface waters across 41 
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countries on all continents except Africa and Antarctica (Hughes et al., 2013). 
Table 2.1 lists some examples of PPCPs with high frequency detection in 
WWTPs effluents, surface water and groundwater. Generally, the 
concentrations of PPCPs ranged from ng/L to a few μg/L in the aquatic 
environment (Kümmerer, 2009; Bu et al., 2013).  
Table 2.1 Measured concentrations of PPCPs in the aquatic environment. 







Antibiotics     
Trimethoprim 39-2500 60-1808 1-18 (Vulliet and Cren-Olivé, 
2011; Li, 2014) 
Sulfamethoxazole  185-397 33-4330 3-470 (Hirsch et al., 1999; 
Watkinson et al., 2009; 
Sim et al., 2011; Li, 
2014) 
Ciprofloxacin 91-5600 nd*- 
1300 
nd-443 (Batt et al., 2006; 
Watkinson et al., 2009; 
López-Serna et al., 2013) 
Tetracycline 16-560 nd-110 nd-141 (Kolpin et al., 2002; Batt 
et al., 2006; Lin et al., 
2009; López-Serna et al., 
2013) 
Analgesics     
Ibuprofen 1050- 
11900 
18-1417 4-395 (Martín et al., 2012; Bu 
et al., 2013; Li, 2014) 
Ketoprofen 128-940 16-620 2886 (Martín et al., 2012; Li, 
2014) 
Salicylic acid 100-3170 10- 
14736 
7 (Vulliet and Cren-Olivé, 
2011; Martín et al., 2012; 
Bu et al., 2013) 
Stimulant     
Caffeine 80-3180 568 290 (Martín et al., 2012; Li, 
2014) 
* nd = not detected. 
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2.1.2 Adverse effects of PPCPs 
The residual PPCPs in the environment could lead to adverse effects on 
ecological organisms. Some risk assessments suggest that PPCPs may pose a 
potential threat to different trophic levels of ecological organisms (i.e. algae, 
zooplankton and other invertebrates and fish) at environmentally relevant 
concentrations (Brain et al., 2004; Crane et al., 2006; Fent et al., 2006; Santos 
et al., 2010). For example, Brain et al. (2004) reported that the 
fluoroquinolone, sulfonamide, and tetracycline classes of antibiotics displayed 
significant phytotoxicity to aquatic higher plant Lemna gibba in 7-d static 
renewal tests. The wet mass effective concentrations at 10% inhibition (EC10) 
were found to be 149 and 194 μg/L, for ciprofloxacin (CIP) and tetracycline 
(TC), respectively. The principal synthetic estrogen, 17a-ethinylestradiol 
(EE2), has the ability to influence the hormonal system of aquatic animals at 
environmentally relevant concentrations (Kashiwada et al., 2002; Caldwell et 
al., 2008). Parrott and Blunt (2005) reported that egg fertilization and sex ratio 
(skewed toward females) in fathead minnow were significantly affected at 
extremely low concentrations (0.32 ng/L) of EE2.  
In addition, the mixture of PPCPs may potentially have more significant 
toxicological effects on aquatic macrophytes and phytoplankton than each 
individual PPCP. For example, the toxicity of the mixture of four PPCPs 
(diclofenac, ibuprofen, naproxen, acetylsalicylic acid) was evaluated using 
acute Daphnia and algal tests (Cleuvers, 2004). The results showed that the 
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toxicity of the mixture was considerable, even all compounds were applied in 
concentrations below their individual ‘‘no observable effect concentrations’’ 
(NOECs). Moreover, the mixture toxicity followed the concept of 
concentration addition. Therefore, accurate prediction and assessment of the 
mixture toxicity is strongly needed for environmental risk assessment. 
Antibiotics, as an important group of PPCPs, are of particular interest due 
to the development and spread of antibiotic resistance among diverse 
microorganisms in the aquatic environment. Significant correlations between 
concentrations of TC and sulfamethoxazole and corresponding resistant 
bacteria were observed in raw influent and final effluent of a WWTP in 
Michigan (Gao et al., 2012b). The emergence of antibiotic resistance genes 
have been frequently detected in treated wastewater (Pruden et al., 2006; 
Munir et al., 2011), surface water (Chee-Sanford et al., 2001; 
Rodriguez-Mozaz et al., 2015), groundwater (Chee-Sanford et al., 2001) and 
even drinking water (Pruden et al., 2006).  
The widespread antibiotic pollution may pose a serious risk for human and 
animal health through the spread of antibiotic resistance (Santos et al., 2010; 
Rodriguez-Mozaz et al., 2015). According to the report by Centers for Disease 
Control and Prevention (CDC, 2013), each year in the United States, more 
than 2 million people acquire serious infections with antibiotic-resistant 
bacteria, with at least 23,000 dying as a direct result. The emergence and 
spread of antibiotic resistant bacteria is classed as one of the biggest threats to 
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public health in the 21st century (Fair and Tor, 2014). Therefore, the prudent 
use of antibiotics and other PPCPs is strongly encouraged to reduce the risk to 
the general public and the environment. 
2.1.3 Elimination methods of PPCPs 
The frequent occurrence of PPCPs in the aquatic environment and their 
potential toxicity suggest the need to develop efficient treatment processes for 
their removal. Thus, a wide range of chemical and physical treatment methods 
have been studied and employed, such as activated carbon adsorption, 
membrane techniques and advanced oxidation processes (AOPs) (Homem and 
Santos, 2011; Rivera-Utrilla et al., 2013).  
2.1.3.1 Adsorption processes 
Adsorption processes are widely used in industry to remove organic 
contaminants. Activated carbon is the most commonly used adsorbents due to 
its large surface area, various kinds of porosity and high adsorption capacity. 
Adsorption on activated carbon has been successfully applied on the removal 
of PPCPs in recent years (Putra et al., 2009; Kim et al., 2010). For example, 
Putra et al. (2009) studied the applicability of activated carbon to remove 
amoxicillin from wastewater and they observed high removal efficiency (95%) 
for this contaminant. Adsorption process has the advantage of eliminating 
PPCPs instead of generating potentially more toxic or pharmaceutically active 
products (Homem and Santos, 2011). However, this process cannot achieve 
complete removal or decomposition of contaminants, it can only transfer them 
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to a new phase, where they are more concentrated.  
2.1.3.2 Membrane processes 
Membrane processes are increasingly used as separation processes for 
PPCPs, which include ultrafiltration (UF), nanofiltration (NF) and reverse 
osmosis (RO). Li et al. (2004) studied the treatment of oxytetracycline using 
RO filtration and it could achieve a high rejection rate at 92%. Košutić et al. 
(2007) investigated the removal of antibiotics by RO and NF from a model 
wastewater of a pharmaceutical manufacturing plant. In their study, the 
rejection of the examined antibiotics by RO and NF membranes could exceed 
98.5% in most cases. However, this technique may fail to treat high 
concentration levels of contaminants because of membrane structure 
deterioration or fouling. Additionally, membrane processes produce a 
concentrated phase which requires further treatment. So far, these techniques 
have been mostly used in combination with other methodologies. 
2.1.3.3 Advanced oxidation processes (AOPs) 
AOPs have attained much attention due to their high removal efficiency 
for PPCPs. AOPs refer to the oxidative methods based on the generation of 
free radicals, notably the hydroxyl radicals (•OH). •OH radicals are extremely 
reactive and nonselective species. They can successfully oxidize most organic 
compounds to less refractory intermediate species (less toxic and more 
biodegradables) or even mineralize them to CO2 and H2O. These radicals can 
be produced from various oxidizing agents such as ozone (O3), hydrogen 
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peroxide (H2O2), semiconductor catalysts and/or UV radiation. For example, 
Prieto-Rodriguez et al. (2013) studied the ozonation of 17 target 
micropollutants in municipal wastewater treatment plant effluents. Their 
results showed that 90% of the micropollutants could be degraded after 20 min 
of treatment with an ozone consumption of 3.4 mg/L. However, the degree of 
mineralization was low (< 10%). Reyes et al. (2006) and Palominos et al. 
(2009) studied the TiO2 mediated heterogeneous photocatalytic decomposition 
of TC. The results revealed that photocatalysis could achieve high 
decomposition rates (100%), as well as mineralization rates (>50%) in a short 
time (< 60 min). In addition, the antibacterial activity could be fully reduced 
by the photocatalytic process, thus inducing less toxicity to the environment. 
2.2 Natural organic matter (NOM) 
Natural organic matter (NOM) is defined as the withering organic material 
that comes from plants and animals in the environment (Uyguner-Demirel and 
Bekbolet, 2011). NOM is a heterogeneous mixture of aromatic and aliphatic 
organic compounds (Caupos et al., 2011; Matilainen et al., 2011). The amount 
and characteristics of NOM in water differ with climate, geology and 
topography (Matilainen et al., 2011). 
2.2.1 Concentration of NOM in aquatic environments 
NOM is a ubiquitous component in aquatic environments. Its 
concentrations range from 0.1 mg/L in groundwater to 50 mg/L in bogs, as 
expressed by dissolved organic carbon (DOC) (Uyguner-Demirel and 
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Bekbolet, 2011). NOM concentrations are low (0.6-2.7 mg/L) in groundwater 
(Nissinen et al., 2001) and they range from 2.0 to 38.3 mg/L in rivers and 
lakes (Kukkonen and Oikari, 1991; Nissinen et al., 2001; Volk et al., 2002). 
The DOC concentrations vary from 5.1 to 20 mg/L in effluent organic matter 
(EfOM) collected from different wastewater treatment facilities (Rosario-Ortiz 
et al., 2008; Dong et al., 2010). In addition, the amount of NOM can vary 
seasonally due to temperature, floods and droughts (Evans et al., 2005; Liu et 
al., 2014). In a long-term study of trends in UK and North America from 1990 
to 2000, the amount of NOM has been significantly increased, which is likely 
due to declining acid deposition and rising temperature (Evans et al., 2005). 
The elevated NOM levels pose challenges to water treatment facilities. 
2.2.2 Characteristics of NOM in natural waters 
NOM consists of both hydrophobic and hydrophilic components. 
Hydrophobic NOM is rich in aromatic carbon while hydrophilic NOM 
contains more aliphatic carbon and nitrogenous compounds, such as 
carbohydrates, sugars, proteins and amino acids (Matilainen et al., 2011). 
Hydrophobic acids constitute the major fraction of aquatic NOM, accounting 
for 50-90% of DOC in freshwater systems (Uyguner-Demirel and Bekbolet, 
2011). The hydrophobic acids may be described as humic substances (HS). HS 
are formed by biochemical and chemical reactions during the decay and 
transformation of plant and microbial remains (Zeng et al., 2012). The 
molecular weights of HS range from a few hundred to several hundred 
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thousand Daltons. Generally, HS is classified as humic acid (HA), fulvic acid 
(FA) and humin. HA and FA are the main components of HS in water and they 
can impart a dark color in surface water at high concentrations. Both HA and 
FA have high carbon content (50-60%) and various oxygen-containing 
functional groups (such as carboxylic, phenolic, alcoholic and quinoid groups). 
They play an important role in binding, transport and remediation of pollutants 
in natural environments. Humin is insoluble in both alkali and acid thus it 
attains less attention in aquatic environment.  
2.3 Photolysis and photocatalysis 
Photolysis and photocatalysis processes have been extensively and 
successfully employed for elimination of PPCPs in water (Paul et al., 2010; 
Fatta-Kassinos et al., 2011; Sturini et al., 2012). Among various 
semiconductor photocatalysts, titanium dioxide (TiO2) has been proven to be 
the most suitable for widespread environmental applications due to its high 
decomposition efficiency, chemical and biological stability, nontoxicity, and 
relative low-cost (Hoffmann et al., 1995). 
2.3.1 Reaction mechanisms 
Photolysis can proceed via a direct or indirect pathway (Boreen et al., 2003; 
Challis et al., 2014). The direct photolysis requires an overlap of the PPCPs’ 
absorption spectra and the spectral range of the light radiation. But PPCPs can 
undergo a direct photolysis only if the radiation is strong enough (Peuravuori 
and Pihlaja, 2009). Indirect photolysis often plays a major role in PPCPs 
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decomposition, especially when there is no overlap between their absorption 
spectra and the irradiation wavelength. Indirect photolysis involves naturally 
occurring molecules such as NOM, nitrate, carbonate or iron, which can 
induce the generation of reactive oxygen species (ROS) (Boreen et al., 2003; 
Fatta-Kassinos et al., 2011). For instance, photolytic decomposition of 
difloxacin and sarafloxacin has been explored by Prabhakaran et al. (2009) in 
river water under xenon lamp. The results showed that loss of both drugs 
followed direct photolysis mechanism. The presence of HS retarded photolytic 
decomposition of drugs due to their role as light barriers and the presence of 
nitrate anions was of little importance in the applied conditions. Studies on the 
photolysis of three beta-blockers, atenolol, metoprolol, and nadolol in a solar 
simulator revealed that direct photolysis accounted for 6.1-8.9% of their 
decomposition, while the reaction with triplet excited NOM (3NOM*) was a 
predominant route of their loss in NOM enriched waters (Wang et al., 2012).  
TiO2 photocatalysis is initiated when TiO2 is irradiated by light with 
energy greater than its band gap energy (3.2 eV for anatase TiO2 and 3.0 eV 
for rutile TiO2) (Chong et al., 2010). Then the electrons can be excited to the 
conduction band (CB), leaving positive holes in the valence band (VB) (Eq. 
2-1). The photogenerated electrons can in turn recombine with the holes in 
nanoseconds with simultaneous dissipation of heat (Eq. 2-2) (Chong et al., 
2010). The electrons can be donated to an electron acceptor such as oxygen, 
leading to the generation of superoxides radical (•O2-) or hydroperoxyl radical 
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(HO2•) (Eq. 2-3 and Eq. 2-4). The VB holes can react with surface adsorbed 
H2O and OH- to produce •OH (Eq. 2-6 and Eq. 2-5), which is the primary 
oxidant in the photocatalytic system (Turchi and Ollis, 1990). •OH radical is 
non-selective and extremely reactive (oxidation potential = 2.8 V) in oxidation 
of a great variety of organic molecules (Eq. 2-7) (Legrini et al., 1993). The 
holes have the potential to oxidize the organic species directly (Eq. 2-8).  
TiO2 + hv → h+ + e-                                       (Eq. 2-1) 
h+ + e- → heat                                            (Eq. 2-2) 
e- + O2 → •O2-                                            (Eq. 2-3) 
•O2- + H+ → •HO2                                         (Eq. 2-4) 
h+ + H2O → •OH + H+                                     (Eq. 2-5) 
h+ + OH- → •OH                                          (Eq. 2-6) 
•OH + organics → Oxidation products                         (Eq. 2-7) 
h+ + organics → Oxidation products                           (Eq. 2-8) 
Generally, the photogenerated reactive species are very difficult to be 
detected directly, due to their short lifetimes (microsecond) and typically low 
concentrations (picomolar to micromolar) (Burns et al., 2012). Therefore, to 
clarify the contributions of different reactive species, a series of scavengers 
were applied to indirectly probe the mechanisms. For example, furfuryl 
alcohol (Haag et al., 1984; Gieguzynska et al., 2009) or azide ions 
(Gieguzynska et al., 2009; Caupos et al., 2011) was used as a chemical trap for 
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1O2. Isopropanol or methanol can be applied as the scavenger for •OH since 
they show little adsorption on the surface of the TiO2 catalyst (Chen et al., 
2005b; Jacobs et al., 2011). The participation of oxidative holes (h+) in 
photocatalytic decomposition can be evaluated by the addition of iodine 
anions (Van Doorslaer et al., 2012) or EDTA (Zhu et al., 2013).  
With the help of these scavengers mentioned above, some studies have 
been conducted to clarify the contribution of different reactive species. For 
example, the participation of different reactive species during photocatalytic 
decomposition of three beta-blockers (atenolol, metoprolol and propranolol) 
was examined by Yang et al. (2010). •OH radicals were suggested to be 
principally responsible for their decomposition, which contributed to 94.7%, 
93.1% and 77.5% of their overall decomposition rates. Studies on 
photocatalytic decomposition of moxifloxacin indicated that holes were the 
dominant reactive species, contributing up to 63%, and •OH radicals 
participated for about 24% of the decomposition. Reactive oxygen species 
created by electrons were probably of lower importance (<13%), during the 
photocatalytic decomposition of moxifloxacin (Van Doorslaer et al., 2012). 
2.3.2 Effect of operational parameters 
The efficiency of photolytic and photocatalytic systems is highly 
dependent on a number of operation parameters, including the characteristics 
of the light source, the concentration of dissolved oxygen, the pH of the 
solutions, the initial concentration of the pollutants, and other water matrix 
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components (Chong et al., 2010; Fatta-Kassinos et al., 2011). 
2.3.2.1 Effect of light wavelength and intensity 
Photolytic and photocatalytic decomposition of organic compounds varied 
with light wavelength and intensity, demonstrating that they were 
light-source-dependent. For example, Niu et al. (2013) observed that 
photolysis rate constants of TC followed the order of UV254 > UV365 > solar 
light, due to the higher energy photon in UV254. During photocatalytic 
decomposition, the reaction rates were generally increased with increasing 
light intensity. They were linearly proportional to the light intensity (first order) 
at low light intensities (0-25 mW/cm2), but they shifted to square root 
dependency (half order) when light intensities was higher than 25 mW/cm2. 
This dependency is likely owing to the amount of photo-generated holes 
available during the electron-hole pair formation. At much higher light 
intensity, the rate constants were independent of light intensity because mass 
transfer is the rate-limiting step (Herrmann, 1999; Chong et al., 2010).  
2.3.2.2 Effect of dissolved oxygen 
Dissolved oxygen plays an important role in photolytic and photocatalytic 
decomposition of organic compounds (Chen et al., 2008; Chong et al., 2010). 
During photolysis, oxygen was reported to be involved in the generation of 
ROS through oxygen quenching of singlet and/or triplet excited states of 
organic molecules (Chen et al., 2008; Jacobs et al., 2011). For example, Chen 
et al. (2008) found that 1O2 and H2O2 participated in photolytic decomposition 
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of tetracycline under simulated sunlight irradiation. However, Calisto et al. 
(2011) pointed out that ROS played an insignificant role in photolytic 
decomposition of carbamazepine, since the presence of molecular oxygen 
depressed the decomposition rate. 
During photocatalysis, dissolved oxygen can act as an electron acceptor to 
trap the photo-generated electrons and eliminate the electron-hole 
recombination (Buxton et al., 1988; Martínez et al., 2013). The reaction of 
adsorbed oxygen with photo-generated electrons at the surface of the catalyst 
(Eq. 2-3) is relatively slow (millisecond time scale) and it may be the 
rate-limiting step in photocatalytic oxidation reactions (Liang et al., 2008; 
Chong et al., 2010). It was reported that photocatalytic decomposition of 
organic compounds was promoted with increasing concentration of dissolved 
oxygen in the solution (Dionysiou et al., 2002; Liang et al., 2008). However, 
the degradation was not improved significantly, suggesting that operation with 
air instead of oxygen is most probably a more realistic practical choice 
(Dionysiou et al., 2002; Liang et al., 2008). 
2.3.2.3 Effect of pH 
Solution pH is one of the most important factors affecting photolytic and 
photocatalytic decomposition of PPCPs. Previous studies showed that 
photolytic decomposition of PPCPs was highly pH-dependent due to the 
differences in light absorption and quantum yields (Jiao et al., 2008; Niu et al., 
2013; Wei et al., 2013). For example, Wei et al. (2013) reported that 
27 
 
photolytic decomposition rates of CIP exhibited a maximum value at around 
pH 8. The pH-dependence was mainly attributed to the differences in quantum 
yields of the different dissociation states of CIP at various pH values. However, 
Prabhakaran et al. (2009) showed that photolytic decomposition of 
sarafloxacin increased with increasing pH values due to the enhanced light 
absorption. 
In heterogeneous photocatalytic system, the changes in operating pH 
values are known to affect the surface charges of the photocatalyst used. It is 
reported that the point of zero charge (PZC) of TiO2 lies in the pH range of 
4.5-7.0 (Chong et al., 2010). At pH < PZC, the TiO2 surface is positively 
charged (Eq. 2-9), which exerts an electrostatic attraction towards the 
negatively charged compounds. At pH > PZC, the surface charge of TiO2 is 
negative (Eq. 2-10), thus inhibiting the adsorption of negatively charged 
compounds and its subsequent photocatalytic decomposition. The effect of pH 
on adsorption and photocatalytic decomposition of organic compounds has 
been extensively studied (Van Doorslaer et al., 2011; Sturini et al., 2012). 
At pH < PZC: TiOH + H+ ↔ TiOH2+                         (Eq. 2-9) 
At pH > PZC: TiOH + OH- ↔ TiO- + H2O                    (Eq. 2-10) 
2.3.2.4 Effect of NOM 
NOM are the predominant natural sunlight absorbing components in 
aquatic environment, thus the presence of NOM can significantly affect the 
light-induced transformation of organic pollutants. The absorption of light by 
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NOM could lead to the formation of singlet (1NOM*) and triplet excited states 
(3NOM*) from which further generation of ROS could occur, including 
hydroxyl radical (•OH), singlet oxygen (1O2), peroxyl radicals (•OOR) and 
superoxide (O2•-) (Zhan et al., 2006; Caupos et al., 2011; Jacobs et al., 2012). 
These ROS could react with organic pollutants during photolysis and 
photocatalysis. However, not all of light absorbing components in NOM have 
the photoinductive activity, some light absorbing but non-photoinductive 
components, acting as an inner filter, will screen reactive wavelengths of light 
thus reducing the photodecomposition kinetics (Aguer et al., 2002; Caupos et 
al., 2011; Zhou et al., 2013). According to Gieguzynska et al. (2009), actually 
only a part (and likely a small part) of the absorbing constituents of NOM 
showed sensitizing properties, i.e., were able to transfer their energy to oxygen 
ground state molecules after having been promoted in their triplet excited state. 
Conversely, NOM could scavenge ROS, resulting in the decrease in photolytic 
and photocatalytic decomposition (Hu et al., 2007; Wenk et al., 2011; Zeng et 
al., 2012). In the UV/TiO2 process, blockage of active sites of TiO2 surface by 
NOM adsorption could further inhibited the decomposition efficiency (Autin 
et al., 2013b). Due to the complex mechanisms, the presence of NOM was 
found to either enhance (Zhang et al., 2007; Caupos et al., 2011; Jacobs et al., 
2011) or inhibit (Hu et al., 2007; Zhou et al., 2013) photolytic and 
photocatalytic decomposition of PPCPs. The details on the analysis of NOM’s 




2.4 UV light emitting diodes (UV/LED) 
2.4.1 Development of UV/LED  
Recently, the development of UV light-emitting diodes (UV/LED) has 
provided a promising alternative light source to the conventional mercury UV 
lamps. UV/LED offers enormous advantages over conventional low-pressure 
and medium-pressure mercury lamps such as compactness and robustness, 
higher efficiency in converting electricity into light, long life-span, no 
warm-up time and no disposal problems (Table 2.2) (Autin et al., 2013c; 
Dominguez et al., 2015; Jenny et al., 2015). Therefore, UV/LED represents a 
safe, practical and energy-efficient light source in pollution abatement 
applications. 
The commercial visible light LED products were developed in 1960s 
(Wang and Ku, 2006). However, the application of the LED on TiO2 
photocatalysis is hindered because the photocatalytic processes are initiated by 
UV light with wavelengths lower than 365 nm. Mass production of UV/LED 
has been available since 2003 (Wang and Ku, 2006) and recent developments 
of the technology have permitted LED to emit UV light down to very low 
wavelengths (240 nm) (Autin et al., 2013c). However, the development of 
UV/LED with very high power and low wavelength is still a technical 
challenge in UV/LED lamp manufactures. At the current stage, the cost of 
UV/LED is higher than mercury lamps. It was predicted that UV/LED would 
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become economically favorable by year 2020 (Autin et al., 2013c). 
Table 2.2 Comparison of technical and cost parameters for mercury UV lamps 
and UV/LEDs. 
Parameters Low-pressure 
mercury lamps a 
Medium-pressure 
mercury lamps a 
UV/LEDs b, c 
Wavelength 254 nm 200-400 nm 240-415 nm 
(Tunable) 
Size 2.5-5.0 cm in 
length 
3.5-10 cm in 
length 
5 mm in diameter 
Wall plug 
efficiency 
35-38% 10-20% 16% (in 2015) 
75% (in 2020) 
Start time 2-7 min 4-10 min 0 
Lamp life 8,000-10,000 h 4,000-8,000 h 30,000 h (in 2015) 
100,000 h (in 2020) 
Operating 
temperature 
40 °C 600-900 °C 20 °C 
Heat generation High High Low 
Energy 
consumption 
High High Low 
Price Low Low High 
Mercury waste Yes Yes No 
a USEPA (2006) 
b Autin et al. (2013c) 
c Jenny et al. (2015) 
2.4.2 Application of UV/LED in photolysis and photocatalysis 
The first application of UV/LED as an irradiation source for air 
purification was conducted by Johnson (2003), using LED irradiation at a 
wavelength of 385 nm. In the developed air purifier, 80% of acetaldehyde and 
95% of toluene could be decomposed by TiO2-coated carbon composite after 
20 minutes of 385-nm LED irradiation. In 2005, UV/LED with a peak 
wavelength of 375 nm was applied in water purification for the first time 
(Chen et al., 2005a). In this study, UV/LED was tested for perchloroethylene 
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(PCE) decomposition over coated TiO2. At a very low UV output (49 μW/cm2), 
the designed reactor delivered a PCE conversion of up to 43%. Since then, the 
performances of UV/LED in the photolytic and photocatalytic applications 
have aroused great interest.  
Coupled UVA/UVC LEDs were used in photolytic decomposition of 
creatinine and phenol (Chevremont et al., 2012). The calculated 
pseudo-first-order rate constants were 0.008 and 0.007 min-1, which is 
comparable to results obtained in the presence of oxidants such as O3 and 
H2O2. The combination of UV/LED with hydrogen peroxide was investigated 
for phenol decomposition (Vilhunen and Sillanpää, 2009). Decomposition of 
phenol was dependent of the UV/LED wavelengths, initial phenol 
concentration and the molar ratio of H2O2 to phenol. The simultaneous use of 
UV/LED and peroxydisulfate for decomposition of Basic Red 46 (BR46) was 
studied by Rasoulifard et al. (2011). More than 90% of the dye was eliminated 
over 30 min under optimized conditions. The photocatalytic applications of 
UV/LED have been investigated on various organic pollutants in water and 
volatile organic compounds in air, such as o-cresol (Chen et al., 2007), phenol 
(Jamali et al., 2013), terephthalic acid (Eskandarloo et al., 2015), 
formaldehyde (Shie et al., 2008), dodecylbenzenesulfonate (Dominguez et al., 
2015), dimethyl sulfide (Jo et al., 2011; Wang et al., 2011b), carbon disulfide 
(Anceno and Stuetz, 2016), dyes (Wang and Ku, 2006; Natarajan et al., 2011a; 
Natarajan et al., 2011b; Tokode et al., 2012), pesticides (Yu et al., 2013; 
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Hossaini et al., 2014), as well as micropollutants such as acetaminophen 
(Xiong and Hu, 2012) and sulfamethoxazole (Izadifard et al., 2013). These 
results suggest that UV/LED has great potential to become an alternative light 
source for photolytic and photocatalytic applications. However, there are still a 
number of pollutants (especially PPCPs) that need to be tested under UV/LED 
light irradiation for their decomposition performance. 
Compared with conventional mercury lamps, UV/LED is established as a 
potentially practical light source for pollution abatement because it is more 
energy efficient. For example, the electrical energy consumption using 
UV/LED was about one-third of that using conventional UV lamps, during 
decomposition of BR46 in a batch reactor of UV/LED and peroxydisulfate 
(Rasoulifard et al., 2011). The study on photocatalytic decomposition of 
2,4-dichlorophenoxyacetic acid showed that the energy consumption by using 
UV/LED (365 nm) was 26% less than that by using mercury UV lamp (350 
nm) (Yu et al., 2013). This is possibly due to the relatively narrow emission 
spectra of UV/LED which could be well-matched with the absorption band of 
TiO2. In addition, photocatalytic decomposition of volatile formaldehyde 
under UV/LED was investigated by Shie et al. (2008). The results showed that 
the energy effectiveness of 383 nm UV/LED was 131 times larger than that of 
UVC mercury lamp and 99 times larger than that of UVA mercury lamp. 
Therefore, the energy-efficient UV/LED could dramatically decrease the 
energy consumption and operational cost of the photolytic and photocatalytic 
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processes. The development of UVA/LED with higher output will open new 
possibilities for industrial applications. 
2.5 Effects of NOM on photolysis and photocatalysis 
The presence of NOM could significantly affect photolytic and 
photocatalytic decomposition of PPCPs, in terms of decomposition kinetics, 
reactive species and decomposition products. 
2.5.1 Effects of NOM on decomposition kinetics 
The overall effect of NOM on the reaction rates of organic substances by 
photolytic and photocatalytic decomposition depends on the balance between 
the opposite effects (promotion or inhibition, see Section 2.3.2.3). There seems 
to be no general consensus about the effects of NOM on photolytic and 
photocatalytic decomposition. Some researchers have reported that the 
presence of NOM increased photolysis or photocatalysis (Zhang et al., 2007; 
Caupos et al., 2011; Jacobs et al., 2011) while other’s works obtained the 
contrary results (Schmitt-Kopplin et al., 1999; Hu et al., 2007; Avisar et al., 
2013; Zhou et al., 2013). Some examples of studies on the effect of NOM on 
photolytic and photocatalytic decomposition kinetics of PPCPs are 




Table 2.3 Examples of studies on the effect of NOM on photolytic decomposition kinetics of PPCPs. 
Compound and 
initial concentration 
NOM type and 
concentration 
Light source Promotion Inhibition Findings References 
Ibuprofen 
C0 = 0.1 μM 
Pony Lake FA 
(PLFA, 5.45 mg/L) 
Suwannee River FA 
(SRFA, 7.20 mg/L) 
A 500 W xenon arc 
lamp solar simulator 
√  Promotion effect PLFA > SRFA Jacobs et 
al. (2011) 
Amoxicillin 
C0 = 60 μM 
SRFA 
Suwannee River HA 
(SRHA) 
Waskish Peat FA (WPFA) 
Suwannee River NOM 
(SRNOM) 
(25 mg/L) 
A 300 W ceramic 
xenon lamp solar 
simulator 
√  Promotion effect 
SRNOM > SRFA > SRHA > WPFA 
Promotion mainly due to the presence of 
3NOM* 





C0 = 75 μM 
SRFA 
20 mg/L 
A 300W ceramic xenon 
lamp solar simulator 
√  Promotion mainly due to the presence of 
3NOM* 
Wang et al. 
(2012) 
Atenolol 
C0 = 10 μM 
SRFA 
SRHA 
Nordic Lake FA (NLFA) 
Nordic Lake HA (NLHA) 
(5-20 mg/L) 
A 290 nm-filtered 1000 
W Xe lamp as 
simulated solar 
irrdiation 
√  The main reactive species in the 
photosensitization between atenolol and 
NOMs is •OH 




C0 = 10 μM 
Aldrich HA 
(5 mg/L) 
Sunlight during spring 
and summer in Naples 
(40 oN-14 oE) 




C0 = 10 μM 
√  HA acted as photosensitizers 
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Table 2.3 (continued) 
Compound and 
initial concentration 
NOM type and 
concentration 
Light source Promotion Inhibition Findings References 
Tetracycline 
C0 = 20 mg/L 
HA, Beijing Chemical 
Works, China (0-24 mg/L) 
A 500W xenon lamp 
solar simulator; 
Sunlight in Peking 
(116o170′ , 39o56′ E, 
March, 11:00 am-1:00 
pm, 2012) 
√  Low HA concentration (< 6 mg/L) enhanced 
photolysis due to its photosensitization 
Niu et al. 
(2013) 
 √ High HA concentration (6-24 mg/L) 
suppressed photolysis due to competitive 
photoabsorption or ROS quenching 
A UV 254 nm lamp; 
A 365 nm UV lamp 
 √ HA inhibited TC photolysis through 
competitive photoabsorption or ROS 
quenching with TC 
Thiamphenicol 
Florfenicol 
C0 = 400 mg/L 
Sigma Aldrich HA 
(0-40 mg/L) 
Simulated sunlight (λ > 
290 nm) by a xenon 
lamp (1000 W). 
√  HA photosensitized generation of 1O2 
confirmed by electron paramagnetic 
resonance (EPR) spectroscopy 
Ge et al. 
(2009) 
UV-vis irradiation (λ > 
200 nm) simulated by a 
300 W high-pressure 
mercury lamp 
 √ The retarding effects of HA are likely due to 










A 1000 W xenon arc 
lamp (λ > 280 nm) 
 √ NOM can inhibit photolysis primarily due to 
light screening effect 
Zhou et al. 
(2013) 
Ibuprofen 
C0 = 100 μg/L 
Sigma Aldrich HA  
(0-50 mg/L) 
A 1500 W Xe short-arc 
lamp solar simulator  
(290 nm < λ < 800 nm) 
√  The rate increase was not proportional to HA 
concentrations, probably because of 
counteracting effects 





Table 2.4 Examples of studies on the effect of NOM on photocatalytic decomposition kinetics of PPCPs. 
Compound and initial 
concentration 
NOM type and 
concentration 
Operating conditions Promotion Inhibition Findings References 
Carbamazepine 
C0 = 4.2 mg/L 
Lake Hohloh NOM 
(0-7 mg/L) 
A 1000-W Xe 
short-arc lamp solar 
simulator,  
P25 TiO2 
 √ Inhibitory effect of NOM was caused by 
the combination of radiation attenuation, 
competition for active sites and surface 





C0 = 4.24 μM 
SRNOM 
(0-9 mg/L) 
A 150 W xenon arc 
lamp solar simulator, 
N-doped TiO2 coatings 
 √ 5 mg/L NOM induced an approximate 
20% reduction in CBZ decomposition 
Avisar et al. 
(2013) 
Sulfamethoxazole 
C0 = 20 μM 
SRNOM 
(0-20 mg/L)  
A 450 W xenon arc 
lamp with UVA light, 
P25 TiO2,  
pH = 5 
 √ Adsorbed NOM could competitively 
scavenge •OH  
Hu et al. 
(2007) 
SRNOM (0-10 mg/L)  A 450 W xenon arc 
lamp with UVA light, 
P25 TiO2, 
pH = 9 
√  The extent of NOM adsorption is much 
lower at pH 9, NOM may act as 
photosensitizer 
Clofibric acid 
C0 = 10 mg/L 
HA (FA > 90%) from 
Shanghai Jingchun 
Reagent Co. Ltd. 
(0-20 mg/L) 
Sunlight in summer 
and winter (31.145 oN, 
121.418 oE), 
P25 TiO2 
√  Low HA concentration (0.5 mg/L) slightly 
increased decomposition in summer 
Li et al. 
(2011a) 
 
√ High HA concentration (0.5-20 mg/L) 
significantly inhibited decomposition in 
winter, possibly due to light attenuation 




Table 2.4 (continued) 
Compound and initial 
concentration 
NOM type and 
concentration 
Operating conditions Promotion Inhibition Findings References 
Sulfamethoxazole SRFA 
(3 mg/L) 
365 nm LED light 
P25 TiO2 
√  FA promoted the photocatalysis of 
sulfamethoxazole, which may be the result 






√ FA retarded the photocatalysis of 
17α-ethynyl estradiol due to light scattering 
and active-site coverage of the photocatalyst  
Carbamazepine 






 √ SRHA plays dual roles in the scavenging 
activity: (1) •OH quenching and (2) 
active-site coverage 
Choi et al. 
(2014) 
Atenolol 
C0 = 37.6 μM 
Aldrich HA  
Fluka HA 
(0-300 mg/L) 
A 125 W high 
pressure mercury 
lamp (λmax= 365 nm) 
P25 TiO2 
 √ Increasing HA concentration drastically 
decreased decomposition efficiency due to 
(1) blocking active sites on TiO2, (2) light 
attenuation and (3) radicals scavenging 






C0 = 50 μg/L 
a biologically treated 
wastewater effluent  
(1.4 and 5.8 mg/L) 
Five 15 W 365 nm 
lamps 
Immobilized P25 
TiO2 thin film 
 √ NOM inhibited decomposition due to (1) 
blocking active sites on TiO2, (2) light 





C0 = 5 mg/L 
effluent organic matter 
(EfOM) 
(5.06-8.25 mg/L) 
A 11 W UVC lamp 
titanate nanofiber 
catalyst 
 √ High molecular weight EfOM could 
preferentially be degraded thus competing 





The roles of NOM in photolytic and photocatalytic decomposition of 
organic contaminants may depend on their origin, concentration, composition, 
and the coexistence of other natural water compositions, such as dissolved 
oxygen, nitrate/nitrite ions, bicarbonate/carbonate ions, ferric ions, and target 
pollutants as well (Zhan et al., 2006; Zeng et al., 2012; Autin et al., 2013b). 
2.5.1.1 Effect of NOM origin 
The origins of NOM were reported to be associated with their 
physiochemical and optical properties as well as photosensitization effects 
(Zhan et al., 2006; Jacobs et al., 2011; Xu et al., 2011a). For example, Jacobs 
et al. (2011) studied the photolytic decomposition of ibuprofen in solutions of 
FA isolated from Pony Lake (PL), Antarctica; Suwannee River (SR), GA, 
USA; and Old Woman Creek (OWC), OH, USA. They found that ibuprofen 
could be decomposed approximately 5 times faster in the presence of each FA 
than by direct photolysis. The photosensitization effect followed the order of 
PLFA ≈ OWCFA > SRFA. Zhan et al. (2006) found that photolytic 
decomposition of bisphenol A (BPA) in the presence of SRFA was statistically 
higher than that in Nordic Lake fulvic acid (NLFA) (P < 0.05). Ji et al. (2013) 
reported that photocatalytic decomposition of atenolol was kinetically retarded 
by Fluka HA and Aldrich HA. The inhibitory effect of Fluka HA was more 
significant than Aldrich HA, probably due to the fact that Fluka HA exhibited 
a slightly higher adsorption on TiO2 surface and a stronger light competition. 
Besides the commercial NOM, some researchers used NOM isolates 
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collected from natural waters and soils. Xia et al. (2009) separated five FAs 
from different natural water and soil samples from China. In their study, the 
presence of these five FAs showed no significant differences in photolytic 
decomposition of polycyclic aromatic hydrocarbons (PAH). However, 
Gieguzynska et al. (2009) reported that photosensitization properties of the 
isolated HA could be influenced by different extraction procedures. Their 
results showed many characteristics of the isolated HA, including element 
composition, functional group content, molecular size and the ability to 
produce singlet oxygen, could be influenced by different extractants. 
2.5.1.2 Effect of NOM composition 
Generally, FA showed higher photosensitizing ability than HA due to the 
compositional differences (Aguer et al., 2002; Zhan et al., 2006; Zeng et al., 
2012). FA has higher oxygen contents, O/C ratio and more carboxyl groups 
compared with HA, which are known as the characteristics of photoreactive 
chromophores (Zhan et al., 2006). The stronger photoinductive ability of FA 
could also be partly attributed to their lower molecular weight and lower 
content in light absorbing but non-photoinductive components acting as inner 
filters (Aguer et al., 2002). The impact of different molecular weight fractions 
of soil HA on photolytic decomposition of 2,4,6-trimethylphenol was studied 
by Richard et al. (2004). Their results showed most of fluorophores were 
located in the low molecular weight fractions, which induced higher 
photolysis efficiency than the high molecular weight fractions. The impact of 
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the fluorescence efficiency was also suggested by Caupos et al. (2011), who 
found higher fluorescence efficiency in NOM showed stronger photoinductive 
properties in photolysis of estrone under simulated sunlight.  
2.5.1.3 Effect of NOM concentration 
The NOM concentration was also proven to be able to affect photolytic 
and photocatalytic decomposition of organic compounds (Garbin et al., 2007; 
Li et al., 2011a; Xu et al., 2011b; Zeng et al., 2012; Niu et al., 2013). The 
effect of HA concentration on TC photolysis was studied by Niu et al. (2013) 
under solar light at noon and simulated sunlight. In their study, lower HA 
concentration (< 6 mg/L) promoted photolysis due to photosensitization, while 
higher HA concentration (6-24 mg/L) suppressed photolysis due to the 
increased light screening and ROS scavenging effects. Similar effect of HA 
concentration on photolytic decomposition of p-tert-octylphenol was observed 
by Xu et al. (2011b) under simulated solar conditions, but a continuous 
increase in decomposition rates was observed for ibuprofen when HA 
concentration increased from 0 to 50 mg/L in their study. However, the 
increase in the decomposition rate of ibuprofen was not proportional to HA 
concentration, indicating the counteracting effects of HA at higher 
concentrations. On the contrary, a continuous decrease in photolysis was 
observed for p-aminobenzoic acid under simulated sunlight by Zhou et al. 
(2013) in the presence of four different HA and FA at a concentration range 
from 0 to 5 mg/L. The inhibitory effect of FA was also reported for photolytic 
41 
 
decomposition of PAH under simulated sunlight (Xia et al., 2009), who further 
concluded that the influence of FA concentration was more significant than 
that of FA origin. 
Inconsistent results have so far been reported on the effect of NOM 
concentration on decomposition kinetics of organic contaminants during 
photolysis and photocatalysis. Most of the studies only investigated the impact 
of a single kind of NOM on the reaction kinetics of organic compounds during 
photolysis and photocatalysis. The studies on the impact of different types of 
NOM on photolysis and photocatalysis are still limited. The different effects of 
NOM concentration on photolytic and photocatalytic decomposition may be 
ascribed to the differences in their origin, composition and concentration range. 
However, the knowledge on what is the predominant influencing factor for the 
effect of NOM concentration on photolysis and photocatalysis is still lacking.  
2.5.2 Effect of NOM on reactive species 
The presence of NOM could lead to the formation of various reactive 
species, such as •OH, 1O2, O2•-, •OOR and 3NOM*, in photolytic and 
photocatalytic processes (Zhan et al., 2006; Caupos et al., 2011; Jacobs et al., 
2012). Previous studies demonstrated that different types and amounts of 
reactive transients were involved in photodecomposition in the presence of 
NOM (Canonica et al., 1995; Jacobs et al., 2011; Santoke et al., 2012; Wang et 
al., 2012). For example, •OH and 1O2 were considered as the main reactive 
species responsible for photolytic decomposition of estrone in the presence of 
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Suwannee River fulvic acid (SRFA) under simulated sunlight (Caupos et al., 
2011). However, •OH, instead of 1O2 or excited triplet FA (3FA*), was 
determined as the main reactive species in the photosensitized decomposition 
of atenolol in the presence of SRFA (Zeng et al., 2012). Another study 
conducted by Wang et al. (2012) suggested that the reaction with 3NOM* was 
the predominant route for the photochemical fate of three beta-blockers of 
atenolol, metoprolol, and nadolol in SRFA-riched water. They found that 
3NOM* contributed to 50.6-85.4% of the loss of these PPCPs, while •OH and 
1O2 accounted for 7.2-38.9% and 0.02-0.04%, respectively. All of these 
aforementioned studies used SRFA as the selected NOM, but different types of 
reactive species were found to be dominant in photodecomposition. Therefore, 
it can be inferred that the predominant reactive species for different 
compounds could be changed even when the same kind of NOM was used, 
which may be attributed to the differences in the reaction rates of the 
compounds and these reactive species. 
Although these studies have investigated the effect of a single kind of 
NOM on photodecomposition, very few researches have examined the role of 
different kinds of NOM (NOM composition) in the types and amounts of 
reactive species formed in photosensitized reactions (Guerard et al., 2009; 
Jacobs et al., 2011). For example, Guerard et al. (2009) studied the role of FA 
composition in photosentitized decomposition of sulfadimethoxine and 
triclocarban. Their results suggested that autochthonous NOM, derived from 
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microbial (algal and bacterial) precursors, were more reactive in promoting 
pathways involving 3NOM* intermediates, while allochthonous 
(terrestrially-derived) NOM, such as SRFA, were more reactive in promoting 
decomposition by ROS such as •OH. This agrees with a recent work by Zeng 
et al. (2012), who found that •OH dominated SRFA-induced photolysis. But 
results obtained by Xu et al. (2011a) and Wang et al. (2012) seemed to be 
contrary to this finding. In their studies, 3NOM* was suggested as the 
dominant reactive species for terrestrially-derived SRFA. These contrary 
results suggest that more systematic studies need to be conducted to 
investigate the impact of NOM composition on reactive species during 
photosensitized decomposition of organic contaminants. 
2.5.3 Effect of NOM on decomposition products 
Besides the influence of NOM on decomposition kinetics, NOM could 
affect the species and abundances of photoproducts (Caupos et al., 2011; 
Jacobs et al., 2011; Zhu et al., 2015). However, due to the low concentration of 
the NOM-induced products and the limitation of the technique, very little 
work is available in presenting the effect of NOM on the photoproducts. For 
example, Schmitt-Kopplin et al. (1999) developed a capillary electrophoresis 
method to analyze the products of enrofloxacin during photolytic 
decomposition with and without NOM under natural sunlight conditions. Their 
study showed that some TPs were significantly suppressed by the presence of 
HA and FA. Conversely, the study by Jacobs et al. (2011) showed that the 
44 
 
major products of ibuprofen by photolysis were significantly increased in the 
presence of three FA. Another study conducted by Caupos et al. (2011) 
showed that the concentrations of the direct photolytic products of estrone 
decreased in the presence of FA, but four new intermediates were generated 
from NOM-induced decomposition due to enhanced hydroxylation. These 
results suggest that there seems to be no general consensus about the effect of 
NOM on decomposition products. NOM could not only affect the abundances 
of decomposition products, but also affect the species of products. 
In addition to the effect of a single kind of NOM, Jacobs et al. (2011) 
compared the effects of three kinds of NOM (PLFA, OWCFA and SRFA) on 
the abundances of the major products of ibuprofen during photolysis. In their 
study, PLFA exhibited the largest enhancement in the products concentration, 
compared to the other two FA, possibly due to the differences in their 
composition-dependent photoinductive abilities. This study suggests that the 
abundances of decomposition products could be greatly affected by different 
kinds of NOM. However, research on the impact of different NOM isolates on 
the TPs during photolytic and photocatalytic decomposition is still quite 
limited. Thus more systematic studies on the effect of NOM characteristics on 




CHAPTER 3 MATERIALS AND METHODS 
3.1 Reagents and chemicals 
TiO2 (≥99.5%, Degussa P25, Germany) was employed as received without 
further treatment. It is a mixed phase containing approximately 80% anatase 
and 20% rutile with a particle diameter of 30 nm and a specific surface area of 
50 ± 15 m2/g. HPLC grade acetonitrile and methanol were obtained from 
Fisher Scientific (USA). Formic acid (98%), FFA (99%), sorbic acid (≥99%), 
para-chlorobenzoic acid (pCBA) (99%) and potassium iodide (KI) were 
supplied by Sigma-Aldrich (Singapore). Ultrapure water (resistivity > 18 MΩ 
cm) was provided by a Synergy 185 water purification system (Millipore, 
USA).  
3.2 Stock solutions preparation 
3.2.1 PPCPs stock solutions preparation 
Two common PPCPs including TC and CIP were selected in this study 
since they have been frequently detected in aquatic environment (Babić et al., 
2013; Daghrir and Drogui, 2013). TC is extensively used as antibacterial agent 
and growth promoter in aquaculture and livestock (Chen and Huang, 2009). 
CIP is one of the most widely prescribed fluoroquinolone (FQ) antibiotics for 
treating numerous bacterial infections in humans and animals (Maia et al., 
2014). The chemical structure and properties of these two PPCPs are listed in 
Table 3.1. TC (≥98%) and CIP (≥98%) were purchased from Sigma-Aldrich 
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(Singapore). The stock solutions of TC and CIP were prepared by dissolving 
TC/CIP powder in ultrapure water and stirred overnight.  
 
Table 3.1 Chemical structures and properties of TC and CIP. 
Compound Tetracycline (TC) Ciprofloxacin (CIP) 
Therapeutic group Antibiotic Antibiotic 
Chemical structure 
  
Molecular weight 444.4 g/mol 331.3 g/mol 
Molecular formula C22H24N2O8 C17H18FN3O3 
Water solubility a 3877 mg/L at 25 oC  11480 mg/L at 25 oC 
Log Kow a -1.30 0.28 
pKa 
pKa1 = 3.3, pKa2 = 7.7 
pKa3 = 9.7, pKa4 = 12.0 b 
pKa1 = 3.01, pKa2 = 6.14 
pKa3 = 8.70, pKa4 = 10.58 c 
a Physical data from ChemSpider.com. 
b Jiao et al., 2008 
c Wei et al., 2013 
 
3.2.2 NOM stock solutions preparation 
A brown coal HA was purchased from Sigma Aldrich (referred to as 
SAHA), Switzerland. SRHA (2S101H) and SRNOM (2R101N) were obtained 
from the International Humic Substances Society (IHSS). NOM stock 
solutions were stirred overnight at room temperature and then filtered through 
a 0.45 μm membrane to remove particulate materials. Concentrations of the 
NOM were expressed as total organic carbon (TOC) and determined by a 
TOC-VCSH analyzer (Shimadzu, Japan).  
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3.3 UVA/LED system setup 
The UVA/LED system is shown in Figure 3.1. Twelve high power 
UVA/LED lamps (3 W, peak wavelength 365 nm, TaoYuan Electron, HK) 
were applied and connected together to serve as light source in this study. 
They were connected as three in series, four parallel groups and powered by a 
direct-current power supply (ISO-TECH, IPS-2303, Singapore). The lamps 
were adhered with thermal grease to the lower surface of a hollowed 
aluminum cylinder (100 mm diameter and 60 mm height). Recycled cooling 
water at 25 oC was pumped through the center of hollowed aluminum cylinder 
to protect the lamps from overheating. A 325 mL Pyrex crystallizing dish 
(diameter 100 mm, height 50 mm, Aldrich, Singapore) was used as the 
photoreactor, which was placed under the UVA/LED system at 2 cm distance. 
Light intensity was adjusted to 4 mW/cm2 throughout the experiments except 
for TPs identification (10 mW/cm2), by changing the current of the DC power 





Figure 3.1 Schematic diagram of UVA/LED system setup. 
3.4 Photolytic and photocatalytic experiments 
3.4.1 Determination of decomposition kinetics 
Photolytic and photocatalytic experiments were performed under 
UVA/LED irradiation. The working volume was 200 mL for each batch. The 
initial concentrations of CIP/TC were 500 μg/L during the decomposition 
experiments. The CIP/TC solutions (with and without 2 mg/L TiO2) were 
magnetically stirred under darkness for at least 30 min prior to irradiation. 
Aliquots of NOM stock solutions were spiked into the experimental solutions 
to achieve the desired NOM concentration for each experiment and/or analysis. 
The pH values of the solutions were adjusted to desired values (pH ± 0.10) by 
adding 0.1 M HCl or NaOH. Sample aliquots were collected with a spinal 
needle syringe at desired time intervals. These aliquots were filtered through a 
0.2 μm PTFE syringe filter (Olim-Peak, USA) to remove the residual TiO2 

















3.4.2 Identification of reactive species 
To clarify the contribution of different reactive species to TC/CIP 
decomposition during photolysis and photocatalysis, a series of scavengers 
were added to solutions before turning on the UVA/LED to achieve final 
concentrations of: i) 100 mM methanol, an aqueous •OH radical scavenger (k 
= 1.0 × 109 M-1s-1) (Chen et al., 2005b), ii) 2 mM iodide ion, a scavenger of 
photogenerated holes (h+) and surface bounded •OH (k = 1.1 × 1010 M-1s-1) 
(Chen et al., 2005b; Van Doorslaer et al., 2012) or iii) 0.15 mM FFA, a 
chemical trap for 1O2 (k = 1.2 × 108 M-1s-1) (Haag et al., 1984) or iv) 0.2 mM 
sorbic acid, a quencher of 3NOM* (Carlos et al., 2012; Zhou et al., 2013). 
3.4.3 Identification of decomposition products 
In order to elucidate the TPs and removal efficiencies of TOC, photolytic 
and photocatalytic decomposition experiments were performed at pH 6.00 ± 
0.10 with higher initial concentration of TC/CIP (20 or 50 mg/L) with or 
without TiO2 (100 or 200 mg/L) than those used in the kinetic experiments. 
Samples were withdrawn from the reaction solutions at desired time intervals. 
Other experimental conditions were identical to those in the kinetics study.  
3.5 Analytical methods 
3.5.1 Analysis of TC 
TC was quantified using a high performance liquid chromatography-mass 
spectrometry (HPLC-MS) system (8030, Shimadzu, Japan) with an Agilent 
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Zorbax SB-C18 column (2.1 × 150 mm, particle size 3.5 μm) at 40 oC. The 
mobile phase composition was acetonitrile (A) and water containing 0.1% 
formic acid (B) (30/70, v/v) at a flow rate of 0.25 mL/min. The injection 
volume was 10 μL. Positive ionization mode was used for isolation of m/z 410 
([M+H]+ ion). The detection limit of TC was 2.62 μg/L with a signal to noise 
ratio of 3. 
For elucidation of the intermediates, the mobile phase composition (A/B) 
was first started with 10/90 (v/v), and then increased linearly to 90/10 (v/v) in 
8 min and kept for 4 min. Finally the gradient was returned to 10/90 (v/v) and 
kept for 5 min to allow for equilibration. The flow rate was 0.20 mL/min. 
HPLC-MS and HPLC-MS/MS were operated in a positive ionization mode. 
Collision-induced dissociation was applied for MS/MS fragmentation of the 
product molecule ions with a scan range of m/z 50-500. 
3.5.2 Analysis of CIP  
CIP was quantified using a HPLC-MS system (8030, Shimadzu, Japan) 
with an Agilent Zorbax SB-C18 column (2.1 × 150 mm, particle size 3.5 μm) 
at 40 oC. The mobile phase was acetonitrile (A) and water containing 0.1% 
formic acid (B) (25/75, v/v) at a flow rate of 0.25 mL/min. The injection 
volume was 10 μL. Positive ionization mode was used for isolation of m/z 314 
([M+H]+ ion). The detection limit of CIP was 8.38 μg/L with a signal to noise 
ratio of 3. 
For elucidation of the intermediates, the mobile-phase composition (A/B) 
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was first started with 10/90 (v/v), and then increased linearly to 90/10 (v/v) in 
7 min and kept for 4 min. Finally the gradient was returned to 10/90 (v/v) and 
kept for 5 min to allow for equilibration. The flow rate was 0.20 mL/min. 
HPLC-MS and HPLC-MS/MS in a positive ionization mode were applied. 
Collision-induced dissociation was applied for MS/MS fragmentation of the 
product molecule ions with a scan range of m/z 50-500. 
3.5.3 TOC and inorganic ion measurements 
The concentration of TOC during photolytic and photocatalytic 
decomposition of TC/CIP was determined by a TOC-VCSH analyzer (Shimadzu, 
Japan). The injection volume was 50 μL and the detection limit was 0.4 mg 
C/L. The concentration of NH4+ in the reaction solution was measured by a 
Dionex DX-500 ion-chromatography system (Dionex, USA) equipped with an 
IonPac CS12A (4 × 250 mm) column. The injection volume was 100 μL and 
the detection limit of NH4+ was 0.1 mg/L. The concentrations of F-, NO2- and 
NO3- were detected by a Dionex ICS-1600 ion-chromatography system 
(Thermo Scientific, USA) equipped with an IonPac CS12A (4 × 250 mm) 
column. The injection volume was 100 μL and the detection limits of F-, NO2- 
and NO3- were 0.05, 0.1 and 0.1 mg/L, respectively. 
3.5.4 UV-Vis and fluorescence spectra measurements 
Absorbance spectra of TC/CIP/NOM solutions were collected in 1 cm 
quartz cuvettes on a UV-Vis spectrometer (DR5000, Hach, USA). Specific 
UV absorbance at 254 nm (SUVA254) was calculated by normalizing the 
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absorbance of NOM at 254 nm to the TOC concentration. E2/E3 ratio was 
calculated by dividing the absorbance of NOM at 254 nm by the absorbance of 
NOM at 365 nm.  
Excitation-emission matrix (EEM) spectra of NOM solutions were 
obtained using a fluorescence spectrometer (Model Cary Eclipse, Varian, USA) 
equipped with a xenon excitation source. The excitation and emission slits 
were set to 5 nm. The excitation ranges were 200-550 nm with 5 nm 
increments while the emission ranges were 300-650 nm with 5 nm increments. 
Fluorescence index (FI) was calculated from the ratio of the emission intensity 
at 470 nm to that at 520 nm for an excitation wavelength of 370 nm (Cory and 
McKnight, 2005). 
3.5.5 Determination of steady-state concentration of 1O2 
The steady-state concentration of 1O2 ([1O2]ss) was quantitated using FFA 
as a probe. 0.15 mM FFA was added to the experiment solutions with or 
without NOM and then irradiated identically to experimental samples that did 
not contain FFA. At steady state, the loss of FFA can be described as below,  
FFA + 1O2 → Products                                   (Eq. 3-1) 
d[FFA]/dt = -
2
1O , FFAk [FFA] [
1O2]ss                            (Eq. 3-2) 
where 
2
1O , FFAk  = 1.2 × 10
8 M-1s-1 is the second-order reaction rate constant 
between 1O2 and FFA (Haag and Hoigne, 1986).  
FFA was quantified using a HPLC system (Shimadzu, Japan) equipped 
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with an Agilent Zorbax SB-C18 column (2.1×150 mm, particle size 3.5 μm) 
and a Shimadzu SPD-M10A diode array detector. An isocratic elution was 
used with a mobile phase of water/acetonitrile mixture (90/10, v/v %), at a 
flow rate of 0.30 mL/min. The injection volume was 10 μL. The column 
temperature was maintained at 40 oC. The detection wavelength was 224 nm. 
3.5.6 Determination of steady-state concentration of •OH 
The steady-state concentration of •OH ([•OH]ss) was quantitated using 
pCBA as a probe. 1 μM pCBA was added to experiment solutions with or 
without NOM and then irradiated identically to experimental samples that did 
not contain pCBA. At steady state, the loss of pCBA can be expressed as 
below, 
pCBA + •OH → Products                                   (Eq. 3-3) 
d[pCBA]/dt = - k•OH, pCBA [pCBA] [•OH]ss                      (Eq. 3-4) 
where k•OH, pCBA = 5.2 × 109 M-1s-1 is the second-order reaction rate constant 
between •OH and pCBA (Buxton et al., 1988).  
pCBA was quantified by a HPLC system (Shimadzu, Japan) with an 
Agilent Zorbax SB-C18 column (2.1×150 mm, particle size 3.5 μm) and a 
Shimadzu SPD-M10A diode array detector. An isocratic elution was used with 
a mobile phase of water (0.1% formic acid)/methanol mixture (45/55, v/v %), 
at a flow rate of 0.20 mL/min. The injection volume was 50 μL. The column 
temperature was maintained at 30 oC. The detection wavelength was 234 nm. 
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3.6 Data analysis 
The kinetics of photolytic decomposition of organic compounds is usually 
fitted by pseudo-first-order kinetics model, as shown in Eq. 3-5 (Jacobs et al., 




r ROSd  ])[( ∑-                            (Eq. 3-5) 
where r is the reaction rate (mg/(L·min)), C is the concentration of organic 
compounds (mg/L), t is the reaction time (min), kd (min-1) is the first-order rate 
constant of organic compounds by direct photolysis, kROS (M-1 min-1) is the 
second-order rate constant between specific ROS and organic compounds, 
[ROS] represents the steady-state concentration of ROS (M), and k is the 
pseudo-first-order rate constant (min-1). k is affected by the background 
solution matrix. 
The kinetics of photocatalytic decomposition of organic compounds 
usually follows Langmuir-Hinshelwood (L-H) (Eq. 3-6) (Turchi and Ollis, 









                                         (Eq. 3-6) 
where kLH is the L-H reaction rate constant (mg/(L·min)), and KLH is the 
Langmuir adsorption coefficient (L/mg). In highly diluted solutions of organic 
compounds (C < 10-3 M) (Herrmann, 1999; Konstantinou and Albanis, 2004), 
KLHC becomes  << 1, Eq. 3-6 can then be simplified to the pseudo-first-order 




















ln                                      (Eq. 3-8) 
where C0 and C are the concentrations of pollutant (mg/L) at time zero and 
time t (min), respectively, and k is the pseudo-first-order rate constant (min-1).  
An efficiency index of electrical energy per order (EEO) was applied to 
calculate the electrical energy consumption, as suggested by the 
Photochemistry Commission of the International Union of Pure and Applied 
Chemistry (IUPAC). EEO (kWh/m3/order) is defined as the electrical energy 
required (kWh) to reduce the contaminant concentration by 1 order of 
magnitude (one-log or 90% removal) in 1 m3 of contaminated water. 
Considering pseudo-first-order kinetics in a batch reactor, EEO could be 






















        (Eq. 3-9) 
where P is the power input (kW) to drive the lamps, t is the irradiation time 
(min), V is the irradiated volume of the solution (L), C0 and C are initial and 
final pollutant concentrations (mg/L), and k is the pseudo-first-order rate 
constant (min-1). 
3.7 Toxicity prediction 
The toxicity of CIP and its transformation products was predicted by using 
the Toxicity Estimation Software Tool (TEST, version 4.1) from the US 
Environmental Protection Agency (USEPA, 2012). This software calculates 
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the toxicity of the compounds from molecular structure, basing on 
mathematical models of Quantitative Structure Activity Relationship (QSAR). 
In this work, the 96-hour fathead minnow 50% lethal concentration (LC50) 
and Ames mutagenicity were selected as the ecotoxicological endpoints. 
Consensus method was chosen for calculation since it is recommended by 
USEPA as the most accurate estimation method. In the consensus method, the 
toxicity is estimated by taking an average of the predicted toxicities from five 




CHAPTER 4 PHOTOLYTIC AND PHOTOCATALYTIC 
DECOMPOSITION OF TETRACYCLINE 
TC is one of the broad-spectrum antibiotics used in both human and 
veterinary applications around the world (Chen and Huang, 2009). TC has 
been frequently detected in different compartments of water environment 
including hospital wastewater, surface water and even drinking water (Kolpin 
et al., 2002; Watkinson et al., 2009; Pena et al., 2010). Photolysis and 
photocatalysis are important processes for TC elimination. Most of the 
previous studies were conducted using mercury lamps as UV light source 
(Mboula et al., 2012; Zhu et al., 2013). However, this kind of lamp suffers 
from a lack of reliability, efficiency and durability, which hampers its large 
scale application (Dominguez et al., 2015). Recently, newly emerged UV/LED 
offers a promising alternative due to its high energy efficiency and long 
lifetime. Till now, very limited works have been done on exploring the 
potential of UV/LED for emerging contaminants abatement. Moreover, most 
of these studies focused on the reaction kinetics and factors influencing 
photolytic and photocatalytic decomposition, but formation and decay of the 
TPs have rarely been investigated. 
The objective of this study was to evaluate the performance of UVA/LED 
and UVA/LED/TiO2 systems in TC decomposition. Firstly, the influence of 
solution pH on photolytic and photocatalytic decomposition kinetics of TC 
was investigated. The contribution of different reactive species to photolytic 
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and photocatalytic decomposition was examined by performing scavenger 
quenching experiments. Additionally, changes of the optical properties 
(UV-Vis absorbance) and mineralization of CIP were studied during 
photolytic and photocatalytic decomposition. Possible transformation 
pathways of TC during photolytic and photocatalytic decomposition were 
proposed based on the intermediates identified. Finally, energy efficiencies of 
the UVA/LED and UVA/LED/TiO2 systems were analyzed by calculating the 
values of electrical energy per order (EEO). 
4.1 Decomposition kinetics 
Photolytic and photocatalytic decomposition of TC were carried out at pH 
3, 6, 8 and 10 under UVA/LED light irradiation. Dark control experiments 
were preliminarily conducted at various pH values and negligible loss of TC 
(< 6%) was observed in the absence of catalyst, confirming that the 
decomposition by hydrolysis was negligible. As seen in Figure 4.1a, photolytic 
decomposition of TC was highly pH-dependent. After 30 min of irradiation, 
the decomposition efficiencies of TC were 9%, 24% and 61% at pH 3, 6 and 8, 
respectively. At pH 10, TC was rapidly removed in 5 min with the 





Figure 4.1 Photolytic (a) and photocatalytic (b) decomposition of TC and the 
corresponding rate constants at different pH values. [TC]0 =500 μg/L, [TiO2] = 
2 mg/L. 
Photolytic decomposition kinetics of TC was then fitted by the 
pseudo-first-order kinetics model under different pH conditions. Linear 
regressions were obtained when plotting ln(C/C0) as a function of the 
irradiation time. The satisfactory linearity of the regressions (R2> 0.95, Table 
4.1) allowed the determination of the apparent pseudo-first-order rate 
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constants (Table 4.1). The pseudo-first-order rate constants of TC at different 
pH values are displayed in the inset of Figure 4.1a. As seen, k values were 
greatly accelerated in alkaline conditions, analogous to previous studies when 
applying medium-pressure mercury UV lamps as the light source (Jiao et al., 
2008; Gómez-Pacheco et al., 2012; Niu et al., 2013). The highest rate constant 
(0.5932 ± 0.0196 min-1) was obtained at pH 10. This study provides 
information on the assessment of UVA/LED photolysis for TC decomposition 
under different pH conditions. 
 
Table 4.1 Photolytic and photocatalytic decomposition rate constants of TC at 
different pH and in the presence of scavengers. 
pH Scavenger Photolysis Photocatalysis 
  k (min-1) R2 k (min-1) R2 
3 None 0.0035 ± 0.0.13 0.9560 0.0971 ± 0.0082 0.9918 
6 None 0.0094 ± 0.0014 0.9984 0.1074 ± 0.0063 0.9713 
8 None 0.0321 ± 0.0020 0.9629 0.2004 ± 0.0110 0.9709 
10 None 0.5932 ± 0.0196 0.9503 0.6596 ± 0.0123 0.9721 
6 Methanol 0.0091 ± 0.0014 0.9929 0.0341 ± 0.0031 0.9724 
6 FFA 0.0061 ± 0.0003 0.9802 - - 
6 KI - - 0.3722 ± 0.0265 0.9938 
 
The pH-dependent photolytic decomposition of TC is in accordance with 
the changes in the dissociation species of TC (Figure 4.2a) and their 
corresponding UV-Vis absorptivity at different pH values (Figure 4.2b). The 
dissociation constant (pKa) values of TC are 3.3, 7.7, 9.7 and 12.0, 
respectively (Jiao et al., 2008; Niu et al., 2013). At low pH (pH < 3.3), TC is 
fully protonated as H4TC+. When pH is increased to 6, the majority of TC 
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exists as the zwitterions form (H3TC±) (Figure 4.2a) and it exhibits higher 
light absorption (Figure 4.2b), resulting in the enhanced photolytic 
decomposition. Further increase in pH to 10 enhances the deprotonation 
reactions and generates negatively charged TC molecules (H2TC- and HTC2-). 
Therefore, the absorbance spectra were red-shifted, which could overlap more 
with the emission spectrum of UVA/LED lamp, as evidenced by previous 
researchers (Chen et al., 2008; Niu et al., 2013). In addition, the anionic TC 
molecules are much easier to be activated to excited state, due to the high 
electrical density on the ring system, which facilitates TC photolysis (Jiao et 
al., 2008; Niu et al., 2013; Zhao et al., 2013). To further verify the relationship 
between different protonation/deprotonation states of TC and their 
photoactivity, the excitation-emission fluorescence spectra of TC were 
measured at the selected pH values (Figure 4.3). As seen, TC had negligible 
emission spectra under acidic conditions (pH 3 and 6) while it showed 
significant emission spectra at pH 8 and 10. The results confirm that the 
negatively charged TC are much easier to be activated to the excited state due 
to the loss of the internal electrostatic force in TC molecule (Zhao et al., 2013). 
Therefore, the increase in the deprotonation states of TC had a close 
relationship with the red shift of the light absorption spectra and the increased 





Figure 4.2 Distribution of the different dissociation species (a) and their molar 





Figure 4.3 Comparison of three-dimensional fluorescence spectra of TC at pH 
3 (a), pH 6 (b), pH 8 (c) and pH 10 (d). [TC]0 = 10 mg/L. 
 
Photocatalytic decomposition of TC was also greatly favored in basic 
solutions compared to acidic ones (Figure 4.1b and Table 4.1). Similar 
pH-dependency was previously reported on photocatalytic decomposition of 
TC under UVA light irradiation (Zhu et al., 2013). Compared to the results 
from photolysis experiments (Figure 4.1a), photocatalytic decomposition of 
TC was significantly promoted due to the addition of TiO2 catalyst. 
Specifically, the photocatalytic decomposition rates of TC were increased by 
more than 10-fold at pH 3 and 6 while they were increased by 6 times at pH 8 
compared to those in photolytic decomposition. However, they were hardly 
improved at pH 10 due to the poor adsorption of TC on TiO2 surface. At pH 10, 
TC molecule is negatively charged (H2TC- and HTC2-), while the TiO2 surface 


























































































repulsion strongly inhibited the adsorption of TC on TiO2 surface and its 
subsequent photocatalytic decomposition. 
4.2 Contribution of reactive species 
To probe the contribution of different reactive species to TC 
decomposition, a variety of radical scavengers were added into the TC 
solution during photolysis and photocatalysis at pH 6. Photolytic and 
photocatalytic decomposition of TC in the presence of scavengers could also 
be well fitted by the pseudo-first-order kinetic model (R2 > 0.97, Table 4.1). As 
illustrated in Figure 4.4, no obvious change in photolytic decomposition rates 
of TC was observed with the addition of 100 mM methanol (p > 0.05, two 
sample t-test). Since methanol is considered as an effective •OH scavenger, 
these results indicate that •OH oxidation was unlikely to be involved in TC 
photolytic decomposition. However, the photolytic decomposition rates of TC 
were slightly decreased with the addition of FFA (0.15 mM), suggesting that 
TC underwent photo-sensitized oxidation by 1O2. Moreover, the addition of 
these scavengers could not completely inhibit the decomposition of TC, 
suggesting that direct photolysis of TC probably played an important role. 
Therefore, TC underwent both direct photolysis and self-sensitized oxidation 
via 1O2. The proposed mechanism is consistent with previous reports (Chen et 




Figure 4.4 Influence of methanol (100 mM) and FFA (0.15 mM) on photolytic 
decomposition rate constants of TC. [TC]0 = 500 μg/L, pH = 6.00 ± 0.10. * 
means statistically significant difference with or without scavengers (p < 0.05). 
 
During photocatalytic decomposition, the addition of methanol 
significantly depressed the decomposition rates of TC (Figure 4.5 and Table 
4.1), indicating that •OH significantly contributed to the TC decomposition. In 
contrast, the addition of KI (h+ scavenger) notably accelerated the 
photocatalytic decomposition rates of TC. This result suggests that direct 
oxidation by h+ played an insignificant role in TC decomposition, which is 
inconsistent with some previous reports (Palominos et al., 2009; Zhu et al., 
2013). To explain the effect of KI on photocatalytic process, the mechanism of 
photocatalysis was taken into account. Generally, photocatalytic process is 
initiated when TiO2 is irradiated by light with energy equal or superior to the 
band-gap energy (λ < 384 nm). Then the electrons can be excited to the 
conduction band (CB), leaving a positive hole in the valence band (VB) (Eq. 
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4-1). As KI is a widely used scavenger for h+, KI could promote the separation 
of hole and electron formed on TiO2 surface. The presence of electron 
withdrawing group (dimethylammonium group) on TC molecule may act as an 
electron trapper to form negatively charged TC species (H2TC- and HTC2-) 
(Eq. 4-2 and Eq. 4-3). These species exhibit a higher reactivity with •OH than 
that of H3TC± (Jiao et al., 2008), leading to the higher photocatalytic 
decomposition rates in the presence of KI. The results suggest that changes in 
TC’s dissociation species by electron acquisition greatly contribute to 
photocatalytic decomposition of TC (Zhao et al., 2013). 
TiO2 + hv → eCB- + hVB+                                    (Eq. 4-1) 
H3TC± + eCB- → H2TC-                                     (Eq. 4-2) 
H2TC- + eCB- → HTC2-                                     (Eq. 4-3) 
 
Figure 4.5 Influence of methanol (100 mM) and KI (2 mM) on photocatalytic 
decomposition rate constants of TC. [TC]0 = 500 μg/L, [TiO2] = 2 mg/L, pH = 
6.00 ± 0.10. * means statistically significant difference with or without 




4.3.1 Changes of TOC 
During photolytic decomposition, 15% of TC was removed after 360 min 
of irradiation, whereas negligible change in TOC was observed (Figure 4.6a). 
The TOC removal percentage during photolytic decomposition was reported 
to be below 15% under UVA irradiation, with rapid decomposition of TC 
(Jiao et al., 2008; Niu et al., 2013). These results indicate that mineralization 
of TC by photolysis is difficult due to its structural stability. During 
photocatalytic decomposition, approximately 39% of TOC was removed after 
120 min of irradiation, when TC was completely removed (Figure 4.6b). It 
indicates the formation of TPs during TC photocatalytic decomposition. 
Similar mineralization percentage (approximately 40%) of TC by 
photocatalytic decomposition was detected by Zhu et al. (2013), when more 
than 95% of TC was removed. After 180 min of irradiation, the TOC removal 
efficiency reached approximately 75% during photocatalytic decomposition. 
Complete mineralization could be expected with a prolonged irradiation time. 
These results suggest that photocatalytic process could promote TC 
decomposition as well as mineralization (i.e., its conversion to small 





Figure 4.6 Changes of TOC and pH values during photolytic (a) and 
photocatalytic (b) decomposition of TC as a function of irradiation time. [TC]0 
= 50 mg/L, [TiO2] = 200 mg/L, pH0 = 6.00 ± 0.10. 
 
The pH values of the solution/suspension were monitored during 
photolytic and photocatalytic decomposition of TC. During photolytic 
decomposition, pH was slightly decreased (Figure 4.6a). During photocatalytic 
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decomposition, pH was decreased in the first stage and then recovered 
thereafter (Figure 4.6b). Decrease in pH in TiO2 suspension was also observed 
in previous studies for photocatalytic decomposition of TC (Niu et al., 2013; 
Zhu et al., 2013), probably due to the generation of acidic intermediates such 
as carboxylic acids (Zhu et al., 2013). The recovery of pH with longer 
irradiation time during photocatalytic decomposition (Figure 4.6b) may result 
from the fragmentation of the acidic intermediates into smaller compounds 
(Zhu et al., 2013) or even CO2 (as revealed by TOC reduction).  
4.3.2 Formation of inorganic species 
The formation of inorganic nitrogen species during photolytic and 
photocatalytic decomposition of TC was further detected for confirmation of 
mineralization. As presented in Figure 4.7, a gradual release of NH4+ was 
observed during photolytic and photocatalytic decomposition of TC. The 
release of NO3
- and NO2
- were negligible (data not shown). Since TC 
molecule contains two nitrogen atoms, the theoretical maximum NH4
+ 
concentration would be 0.225 mM when the mineralization percentage of TC 
(50 mg/L) was 100%. During photolytic decomposition, the concentration of 
NH4
+ was 0.024 mM after 360 min of irradiation, corresponding to 11% of the 
theoretical amount of N. During photocatalytic decomposition, 0.087 mM 
NH4
+ was released into the solution after 180 min of irradiation, which 
accounted for 39% of the theoretical amount of N. It implies that during the 
time scales of the experiment, approximately one nitrogen atom was liberated 
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per TC molecule decomposed. As suggested by literature (Jiao et al., 2008; 
Zhu et al., 2013), the nitrogen loss is probably stemmed from the amino group 
at C2 atom in A-ring due to the low band energy of N-C. The incomplete N 
mineralization indicates that there is still a considerable concentration of 
organic nitrogenous intermediates during photolytic and photocatalytic 
decomposition of TC, which will be further confirmed by the identification of 
TPs in Section 4.4.  
 
Figure 4.7 Formation of inorganic ions during photolytic and photocatalytic 
decomposition of TC as a function of irradiation time. [TC]0 = 50 mg/L, [TiO2] 
= 200 mg/L, pH0 = 6.00 ± 0.10. 
 
4.3.3 Changes of UV-Vis spectra 
Two characteristic peaks were found in the UV-Vis spectra of TC before 
photolytic and photocatalytic decomposition, which located at 275 nm and 360 
nm, respectively (Figure 4.8). The peak at 275 nm was originated from the 
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tricarbonylamide (A-ring) in TC molecules (Figure 4.2a), while the peak at 
360 nm was associated with aromatic phenolic-diketone BCD-ring (Figure 
4.2a) (Chen and Huang, 2009; Wang et al., 2011a). During photolytic 
decomposition, the absorbance peak at 360 nm was continuously decreased, 
while the peak at 275 nm showed negligible changes. This indicated that 
BCD-ring in TC was affected or destroyed during photolysis. During 
photocatalytic decomposition, significant losses in the absorbance of the two 
peaks were observed. In addition, the peak maxima were significantly 
blue-shifted, implying the fragmentation of TC into smaller molecules 





Figure 4.8 Changes of UV-Vis absorbance during photolytic (a) and 
photocatalytic (b) decomposition of TC as a function of irradiation time. [TC]0 
= 50 mg/L, [TiO2] = 200 mg/L, pH0 = 6.00 ± 0.10. 
 
4.4 Formation of TPs 
Three intermediates (P1, P4 and P5) were formed during photolytic 
decomposition of TC (Table 4.2). In comparison, two more TPs of P2 and P3 
were observed during photocatalytic decomposition of TC, possibly due to the 
facilitated reaction of TC with •OH. The structures of the intermediates were 
proposed based on their retention time, fragmentation pattern from the MS2 
spectra (Table 4.2) and the information from previous studies (Jeong et al., 








Table 4.2 Retention time, MS2 spectra of the identified intermediates of TC 





MS2, m/z Photolysis Photocatalysis 










P2 417 5.38 400, 382, 364, 354, 336 
P3 431 5.25 414, 413, 396, 378 
P4 459 5.74 442, 424, 398, 380 
P5 461 4.98 444, 426, 400, 382, 364 
√ means the compound was identified in the sample. ND means not detected (S/N < 3). 
 
P3 with m/z 431 ([M+H-14]+) and P2 with m/z 417 ([M+H-14-14]+) could 
be formed by the consecutive loss of N-methyl group from the TC precursor 
ion with m/z 445 ([M+H]+) due to the low bond energy of N-C (Jiao et al., 
2008; Mboula et al., 2012; Niu et al., 2013). P1 and P2 exhibited identical 
fragmentation patterns as that of the parent compound TC, i.e., [M+H-NH3]+, 
[M+H-H2O]+, [M+H-NH3-H2O]+, and [M+H-NH3-2H2O]+ (Table 4.2). P1 
(m/z 413) was 18 units of mass lower than P3 (m/z 431), which may stem 
from the loss of an H2O molecule at C5a and C6. To our best knowledge, P1 
was detected for the ﬁrst time during photolytic and photocatalytic 
decomposition of TC.  
P5 (m/z 461) differed from TC parent compound ion (m/z 445) by 16 units 
of mass, which may result from the addition of •OH radical on the reactive 
sites of TC. As suggested by literature, the C11a-C12 double-bond of TC was 
more susceptible to be attacked by •OH than other reactive sites in TC (Wang 
et al., 2011a). Therefore, P5 was proposed as 11a-hydroxo-12-oxotetracycline, 
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which was generated from an initial 1,3-dipolar cycloaddition towards the 
C11a-C12 double-bond and a rearrangement with •OH at C12. The formation 
of P5 could account for the observed decrease in the UV-Vis adsorption of TC 
at 360 nm (Wang et al., 2011a; Zhu et al., 2013). P4 (m/z 459) might arise 
from H-abstraction at C5a from P5 by •OH. As a result, a tertiary carbon was 
formed by the delocalization of the double bond. This tertiary carbon was 
attacked by O2 to produce a peroxide radical, followed by the elimination of 
the hydroperoxyl radical giving alkene products (Jeong et al., 2010). The 
fragment ion of m/z 459 was also observed by Mboula et al. (2012) for 
photocatalytic decomposition of TC. However, P4 was detected for the ﬁrst 
time during photolytic decomposition of TC. 
The peak area of each TP was normalized to that of TC at time zero for 
semi-quantification (Figure 4.9). As seen, P4 (m/z 459) was the most abundant 
intermediate during both photolytic and photocatalytic decomposition. During 
photolytic decomposition, the peak areas of P4 (m/z 459) and P5 (m/z 461) 
were continuously increased with the increasing irradiation time. P1 (m/z 413) 
was formed at the early stage during photolytic decomposition and then it was 
degraded thereafter. The maximum peak area of P1 was observed at 240 min. 
During photocatalytic decomposition, the abundance of the product peaks 
increased at the early stage and then decreased thereafter. This indicates that 
these intermediates were decomposable during the reaction. Within the 
investigated time period, the abundances of P4 (m/z 459) and P5 (m/z 461) 
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kept increasing during photolysis while they increased first and decreased at 
the later stage during photocatalysis. The differences in these time evolution 
profiles may be ascribed to the differences in the concentrations of •OH during 
photolytic and photocatalytic processes. The abundances of P4 and P5 are 
likely to decrease with longer irradiation time during photolysis. 
 
 
Figure 4.9 Evolution of the intermediates identified during photolytic (a) and 
photocatalytic (b) decomposition of TC as a function of irradiation time. [TC]0 
= 50 mg/L, [TiO2] = 200 mg/L, pH0 = 6.00 ± 0.10. 
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4.5 Proposed decomposition pathways 
The proposed structures of the intermediates generated from photolytic 
and photocatalytic decomposition were quite similar to that of TC. P1 and P4 
were detected for the ﬁrst time during photolytic decomposition of TC, while 
P1 was detected for the ﬁrst time during photocatalytic decomposition of TC. 
The aromatic ring was not opened during photolytic and photocatalytic 
decomposition, which agrees with previous reports on TC reaction pathway by 
photolysis (Jiao et al., 2008) and photocatalysis (Mboula et al., 2012). The 
proposed reaction pathways upon photolysis (subscript A) and photocatalysis 
(subscript B) are shown in Figure 4.10. The reactions in pathway 1 were 
initiated by the addition of •OH at C11a position, resulting in the generation of 
11a-hydroxo-12-oxotetracycline (P5, m/z 461). H-abstraction at C5a by •OH 
led to the formation of P4 (m/z 459). P4 was identified for the first time during 
photolytic decomposition of TC. In pathway 2, dimethylamino group at C4 
was the initial reaction site. The consecutive loss of N-methyl group by the 
attack of •OH radicals resulted in the generation of P3 (m/z 431) and P2 (m/z 
417) (Mboula et al., 2012; Liu et al., 2016). Further loss of an H2O molecule 
from P3 through 1, 2-elimination between C5a and C6 yielded P1 (m/z 413). 
The transformation route from P3 to P1 was identified for the ﬁrst time during 
photolytic and photocatalytic decomposition of TC. It should be noted that 
upon prolonged photocatalytic treatment, these organic intermediates could be 
further decomposed and mineralized into smaller molecules, as confirmed by 
77 
 
TOC and NH4+ measurements. 
 
Figure 4.10 Proposed structure and decomposition pathways of TC during 
photolytic decomposition (subscript A) and photocatalytic decomposition 
(subscript B). 
4.6 Toxicity prediction 
The toxicity of TC and its TPs during photolytic and photocatalytic 
decomposition was estimated by the USEPA TEST model, and the 
toxicological values of fathead minnow LC50 (96 h) and Daphnia magna LC50 
(48 h) are presented in Table 4.3. As for fathead minnow, the LC50 values of 
P3-P5 increased compared to that of TC, indicating that these TPs were less 
toxic than the parent compound. The toxicity of P1 and P2 to fathead minnow 
were slightly higher than TC. The increased toxicity towards to Vibrio fischeri 
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(Jiao et al., 2008) and Photobacterium phosphoreum (Niu et al., 2013) was 
reported in previous studies during TC photolysis. But the toxicity of all the 
TPs during photolysis and photocatalysis showed lower toxicity to Daphnia 
magna than TC, which is in good agreement with previous reports toxicity 
determination using Staphylococcus aureus (Reyes et al., 2006; Palominos et 
al., 2009) or Pseudomonas aeruginosa (Mboula et al., 2012). 
 
Table 4.3 Toxicological values of TC and its TPs during photolysis and 
photocatalysis predicted by USEPA TEST.  
ID a Fathead minnow  
LC50 (96 h) 
Daphnia magna 
LC50 (48 h) 
 -log (mol/L) mg/L -log (mol/L) mg/L 
TC 5.69 0.90 5.10 3.54 
P1 (AB) 6.21 0.26 4.99 4.19 
P2 (B) 5.94 0.47 5.03 3.89 
P3 (B) 5.67 0.91 4.79 6.95 
P4 (AB) 5.01 4.51 4.85 6.43 
P5 (AB) 4.84 6.62 4.68 9.62 
a TPs were identified during photolytic decomposition (A) and photocatalytic 
decomposition (B). 
4.7 Electrical energy consumption estimation 
EEO values were calculated for both photolytic and photocatalytic 
decomposition processes at different pH values (Figure 4.11). The increase in 
pH values resulted in a significant drop in the EEO values in both photolytic 
and photocatalytic decomposition of TC. Compared to photolytic 
decomposition, much lower EEO values (5.82-39.69 kWh/m3/order) were 
observed in photocatalytic decomposition, suggesting that electrical energy 
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could be greatly reduced by photocatalytic process (Natarajan et al., 2011b). 
Since the scale-up from bench scale to full scale can decrease the EEO by at 
least one order of magnitude (Autin et al., 2013a), the required electrical 
energy could be 0.58-3.97 kWh/m3 (assuming 1-log reduction) to achieve 90% 
removal. It was reported that EEO values of 2.65 kWh/m3/order or less were 
very favorable (Bolton and Cater, 1994). Therefore, the developed 
UVA/LED/TiO2 system demonstrates the potential to be economically viable.  
 
Figure 4.11 Comparison of the EEO values for photolytic and photocatalytic 
decomposition of TC at different pH values. [TC]0 = 500 μg/L, [TiO2] = 2 
mg/L.  
Furthermore, EEO values obtained from this study were compared with 
those from previous studies on TC photolysis (Jiao et al., 2008; 
Gómez-Pacheco et al., 2012) and photocatalysis (Reyes et al., 2006; 
Palominos et al., 2009; Mboula et al., 2012; Niu et al., 2013; Zhu et al., 2013) 
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using mercury UVA lamps (Figure 4.12). It can be seen that EEO values for TC 
decomposition under UVA/LED during photolysis and photocatalysis were at 
least one order of magnitude lower than those from literature using mercury 
UVA lamps. It suggests that UVA/LED is highly energy efficient compared to 
mercury UVA lamps in photolytic and photocatalytic applications in PPCPs 
abatement. 
 
Figure 4.12 Comparison of the EEO values for photolytic and photocatalytic 
decomposition of TC with literature.  
 
4.8 Summary 
Photolytic and TiO2 photocatalytic decomposition of TC were investigated 
using UVA/LED as an alternative light source. TC decomposition followed 
pseudo-first-order kinetics in both photolytic and photocatalytic processes (R2 > 
0.95). Decomposition rate constants were significantly accelerated in alkaline 
solutions due to the red shift of the light absorption of highly deprotonated TC 
This study, UVA/LED
Literature, UVA mercury lamps
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species. The fastest decomposition of TC was observed at pH 10, with rate 
constants of 0.5932 ± 0.0196 and 0.6596 ± 0.0123 min-1, respectively, during 
photolysis and photocatalysis. Direct photolysis and 1O2-induced elimination 
mainly accounted for photolytic decomposition of TC. Oxidation by •OH 
radicals and changes in TC’s dissociation species by electron acquisition 
mainly contributed to TC loss during photocatalytic decomposition. Compared 
with photolysis, the elimination and mineralization extents of TC were greatly 
improved by photocatalysis. Five TPs were identified from photolytic and 
photocatalytic decomposition of TC, while two of them with m/z values of 
413 and 459 were detected for the ﬁrst time during TC photolytic 
decomposition. Photolytic and photocatalytic decomposition of TC shared 
similar reaction pathways of hydroxylation, N-demethylation, H-abstraction 
and H2O elimination. The majority of the TPs showed lower toxicity than TC 
as predicted by USEPA TEST model. The electrical energy consumption for 
TC decomposition by UVA/LED/TiO2 was much lower than that by 
UVA/LED. The energy-efficient UVA/LED may be a good alternative light 
source in UV-based catalytic processes for PPCPs decomposition.  
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CHAPTER 5 EFFECT OF SAHA ON PHOTOLYTIC AND 
PHOTOCATALYTIC DECOMPOSITION OF TETRACYCLINE 
As suggested by previous literature, photolytic and photocatalytic 
decomposition of TC could be greatly affected by the background NOM 
(Chen et al., 2008; Niu et al., 2013; Zhu et al., 2014). However, most of the 
studies focused on the effect of NOM on the reaction kinetics of TC, and very 
few of them examined the types or amounts of ROSs induced/quenched by 
NOM during photolytic and photocatalytic decomposition of TC. Moreover, it 
is not yet known whether NOM inﬂuences the formation of TPs and 
transformation pathways of TC during photolytic and photocatalytic 
decomposition.  
In this study, the effect of SAHA, as a model NOM, on the reaction 
kinetics and TPs of TC during photolytic and photocatalytic decomposition 
was investigated. Firstly, the effect of different SAHA concentration on the 
reaction kinetics of TC was studied during both photolysis and photocatalysis. 
The contribution of ROS to TC decomposition by photolysis and 
photocatalysis was then clarified by adding different scavengers. Finally, the 
TPs of TC in the absence and presence of SAHA during photolytic and 
photocatalytic decomposition were identified and the reaction pathways were 
proposed. This study may improve the understanding of the impact of NOM 
on the destruction of TC by photolysis and photocatalysis. 
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5.1 Effect of SAHA on photolytic decomposition kinetics 
Photolytic decomposition of TC was conducted with the addition of SAHA 
at 0, 1, 2 and 5 mg/L. The satisfactory linearity of the regressions between 
ln(C/C0) and time suggested that TC decomposition could be well fitted by the 
pseudo-first-order kinetic model (R2 > 0.98, Figure 5.1). The rate constant was 
0.0094 ± 0.0014 min-1 in the absence of HA. TC photolytic decomposition 
was slightly promoted with the increasing SAHA concentrations. A 
statistically significant enhancement (p < 0.05, t-test) was observed when 
SAHA concentration was 5 mg/L. The k value increased by 34% in the 
presence of 5 mg/L SAHA compared to that without SAHA addition. The 
enhanced photolysis of TC with HA addition was also reported by previous 
researchers (Jiao et al., 2008; Niu et al., 2013), indicating the 
photosensitization effect of HA (Gómez-Pacheco et al., 2012).  
 
Figure 5.1 Photolytic decomposition of TC and the calculated rate constants at 
different SAHA concentrations. [TC]0 = 500 μg/L, pH0 = 6.00 ± 0.10. * means 
statistically significant difference with or without SAHA (p < 0.05). 
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5.1.1 Light screening effect of SAHA 
To quantify the light attenuation caused by SAHA, light screening factor 











l                                              (Eq. 5-1) 
where αλ (cm-1) is the wavelength specific attenuation coefficient; l (cm) is the 
path length of the irradiated Petri dish (5 cm in this study). The integrated light 
screening factor for the lamp wavelength range of 355-385 nm (S355-385) was 











                                                (Eq. 5-2) 
In the presence of SAHA, the inner filter corrected direct photolysis rate 
constant of TC (kd) can be predicted from Eq. 5-3 (Guerard et al., 2009). 
kd = S355-385 kabs                                                 (Eq. 5-3) 
where kabs is the experimental photolysis rate constant of TC in the absence of 
SAHA. 
Therefore, in the presence of HA, the observed photolytic decomposition 
rate constants of TC, kobs, is the sum of the contributions from both direct and 
indirect photolytic pathways (Eq. 5-4), assuming they behave independently 
(Guerard et al., 2009). 
kobs = kd + kHA                                            (Eq. 5-4) 
where kHA is the indirect rate constant of TC caused by SAHA. A positive kHA 
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value indicates the predominant role of SAHA as photosensitizer, while a 
negative kHA value signifies the prevalence of radical quenching over 
photosensitization. 
As shown in Figure 5.2, the S355-385 values decreased remarkably with the 
increase in SAHA concentration. They were 0.86, 0.73 and 0.48, with the 
presence of 1, 2 and 5 mg/L SAHA, respectively (Sλ equals 1 when no 
attenuation of light occurs). The decrease in S355-385 values indicates the 
enhanced competition for photons between TC and HA at higher SAHA 
concentration. Although the light screening effect was enhanced, the 
calculated kHA values were all positive in the presence of SAHA, confirming 
that SAHA mainly acted as photosensitizer during photolytic decomposition of 
TC. Moreover, the kHA values were increased at higher SAHA concentration, 
indicating the enhanced photosensitization effect. 
 
Figure 5.2 Values of S355-385 and kHA at different SAHA concentrations.  
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5.1.2 Contribution of reactive species 
To justify the role of SAHA as photosensitizer, the influence of SAHA on 
the reactive species during TC photolytic decomposition were investigated by 
adding a series of scavengers to TC solution containing 1 mg/L SAHA. As 
seen in Figure 5.3, the photolytic decomposition rates were unaffected by FFA 
addition (0.15 mM), indicating that 1O2 played an insignificant role. In 
contrast, the addition of 100 mM methanol (•OH quencher) and 0.2 mM sorbic 
acid (3HA* scavenger) slightly inhibited photolytic decomposition of TC. The 
results suggest the contribution of •OH and 3HA* to TC decomposition in 
SAHA mediated photolysis (Jiao et al., 2008). [•OH]ss was further detected to 
confirm the role of •OH-induced oxidation of TC. It was increased from (1.71 
± 0.11) × 10-15 M in the absence of SAHA to (3.30 ± 0.18) × 10-15 M in the 
presence of 1 mg/L SAHA. The facilitated formation of •OH in the presence 
of SAHA could be attributed to the energy transfer from 3HA* to 3O2 (Zhan et 




Figure 5.3 Influence of methanol (100 mM), FFA (0.15 mM) and sorbic acid 
(0.2 mM) on photolytic decomposition of TC in the presence of 1 mg/L SAHA. 
[TC]0 = 500 μg/L, pH0 = 6.00 ± 0.10. * means statistically significant 
difference with or without scavengers (p < 0.05). 
 
5.2 Effect of SAHA on photolytic decomposition products 
In the absence and presence of SAHA, identical TPs (P1, P4 and P5) 
(Table 4.1) were observed during photolytic decomposition of TC. Due to the 
lack of analytical standards of the TPs, accurate quantification of each product 
is impossible to achieve. On the basis of the structural similarity of TC and its 
TPs, the peak area of each TP was normalized to that of TC at time zero for 
semi-quantification. The normalized abundances of these TPs in the presence 
and absence of SAHA are plotted as a function of irradiation time in Figure 
5.4. P4 was the most abundant TP of TC during photolytic decomposition with 
or without SAHA addition. Compared to that without SAHA addition, the 
maximum abundance of P4 was increased by 17% in the presence of SAHA 
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due to the photosensitization effect. The abundances of P1 and P5 were 
statistically higher in the presence of SAHA than that without SAHA (p < 0.05, 
two sample t-test) in the illumination time scale from 0 to 240 min. Since P4 
and P5 were generated by the attack of •OH radical, this result suggests that 
•OH-induced pathway be enhanced due to the presence of SAHA. This is 
consistent with the promoted formation of •OH radicals suggested by 
scavenger study (Section 5.1.2). Therefore, the presence of SAHA could not 
only affect the decomposition kinetics of TC, but also influence the yields of 
the major TPs during photolytic decomposition. Similar observations were 
reported by Caupos et al. (2011) and Jacobs et al. (2011) for FA mediated 





Figure 5.4 Evolution of the intermediates (P1 (a), P4 (b) and P5(c)) identified 
during photolytic decomposition of TC in the absence and presence of SAHA. 
[TC]0 = 20 mg/L, [SAHA]0 = 15 mg/L, pH0 = 6.00 ± 0.10. 
 
5.3 Effect of SAHA on photocatalytic decomposition kinetics 
Photocatalytic decomposition of TC was dramatically hindered in the 
presence of SAHA (Figure 5.5). The inhibitory effect of HA was also observed 
for sulfamethoxazole (Hu et al., 2007) and carbamazepine (Avisar et al., 2013) 
decomposition by TiO2 photocatalysis. The inhibitory effect of HA could be 
attributed to the surface deactivation of TiO2 by adsorption and ROS 
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scavenging (Doll and Frimmel, 2005; Hu et al., 2007). As seen from Figure 
5.5, the photocatalytic decomposition rate constant was dramatically reduced 
by 76% when SAHA concentration was 1 mg/L. However, further increase in 
SAHA concentration did not result in further decrease in the photocatalytic 
decomposition rates, which implied that 1 mg/L SAHA was able to block the 
majority of active TiO2 surface. 
 
Figure 5.5 Photocatalytic decomposition of TC and the calculated rate 
constants at different SAHA concentrations. [TC]0 = 500 μg/L, [TiO2] = 2 
mg/L, pH0 = 6.00 ± 0.10. * means statistically significant difference with or 
without SAHA (p < 0.05). 
 
To clarify the role of reactive species for TC decomposition in SAHA 
mediated photocatalysis, scavenger studies were conducted with the addition 
of 1 mg/L SAHA at pH 6. As shown in Figure 5.6, the addition of methanol 
and sorbic acid slightly depressed the photocatalytic decomposition rates, 
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suggesting the contribution of •OH and 3HA* to TC decomposition. Compared 
with that without SAHA addition (Section 4.2), the contribution of •OH to TC 
decomposition was remarkably suppressed due to the presence of SAHA. This 
result agrees with the work by Hu et al. (2007) for photocatalytic 
decomposition of sulfamethoxazole, which suggests that HA be capable of 
scavenging •OH generated in the photocatalytic system. [•OH]ss in solutions 
with and without SAHA were further detected for verification. It was 
dramatically decreased from (5.12 ± 0.24) × 10-13 M to (7.53 ± 0.23) × 10-15 M 
when SAHA concentration was increased from 0 to 1 mg/L. In addition, the 
presence of KI (h+ scavenger) slightly increased the photocatalytic 
decomposition rate of TC. However, the enhancement was less significant than 
that without SAHA addition (Section 4.2). This indicates that separation of 
hole and electron on TiO2 surface is greatly suppressed due to SAHA 
adsorption. These results suggest that competitive adsorption and •OH 





Figure 5.6 Influence of methanol (100 mM), sorbic acid (0.2 mM) and KI (2 
mM) on photocatalytic decomposition of TC in the presence of 1 mg/L SAHA. 
[TC]0 = 500 μg/L, [TiO2] = 2 mg/L, pH0 = 6.00 ± 0.10. * means statistically 
significant difference with or without scavengers (p < 0.05). 
5.4 Effect of SAHA on photocatalytic decomposition products 
Identical TPs (P1-P5) were observed during photocatalytic decomposition 
of TC with or without SAHA addition. The time evolution profiles of these 
products during photocatalytic decomposition in the absence and presence of 
SAHA are shown in Figure 5.7. All the peaks increased at the early stage and 
then decreased thereafter. All of the identified products disappeared after 
irradiation time of 40 min and 100 min, in the absence and presence of SAHA, 
respectively. Compared with that obtained in DI water, the presence of SAHA 
adversely influenced the formation and decay kinetics of these TPs. For 
example, P2 reached its maximum in 2 min in the absence of SAHA, while it 
reached its maximum in 10 min in the presence of SAHA. The abundances of 
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the five TPs were decreased due to the addition of SAHA. The decrease in the 
abundances of P4 and P5 (formed by •OH attack) suggested that oxidation 
pathway by •OH was suppressed by SAHA addition due to its •OH quenching 
effect. The maximum peak areas of demethylation products P2 and P3 were 
decreased by 44% and 46%, respectively, in the presence of SAHA. These 
results confirmed the role of SAHA as •OH quencher because demethylation 
was also initiated by the attack of •OH radicals (Mboula et al., 2012; Liu et al., 
2016). Therefore, the presence of SAHA could influence the decomposition 







Figure 5.7 Evolution of the intermediates (P1-P5 (a-e)) identified during 
photocatalytic decomposition of TC in the absence and presence of SAHA. 
[TC]0 = 20 mg/L, [TiO2] = 100 mg/L, [SAHA]0 = 15 mg/L, pH0 = 6.00 ± 0.10. 
 
5.5 Summary 
Photolytic and TiO2 photocatalytic decomposition of TC were investigated 
in the absence and presence of SAHA under UVA/LED irradiation. The results 
revealed that decomposition rates of TC were slightly accelerated by SAHA 
addition during photolysis, resulting from the enhanced photosensitization 
pathway with evidences of the existence of •OH and 3HA*. During 
photocatalysis, SAHA significantly retarded TC decomposition due to TiO2 
surface deactivation and •OH quenching. The rate constant of TC decreased by 
76%, when SAHA concentration increased from 0 to 1 mg C/L. Identification 
of transformation products showed that the species of the TPs of TC during 
photolysis and photocatalysis were not affected by SAHA addition. However, 
the abundances of the identified products, which were initiated by •OH, were 
increased or decreased, respectively, by SAHA during photolysis and 
photocatalysis. This could be explained by the different roles of SAHA in 
photolysis and photocatalysis. During photolysis, photosensitization effect of 
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SAHA played the dominant role and it facilitated the •OH-induced reaction. In 
contrast, SAHA acted as •OH quencher and it thus inhibited the oxidation 
pathways initiated by •OH during photocatalysis of TC. Therefore, the 
presence of SAHA could not only affect the reaction kinetics, but also 
influence the formation of reactive species and TPs of TC during photolysis 
and photocatalysis. The findings of this study provide better understanding of 
the fate and mechanism of PPCPs decomposition by photolysis and 
photocatalysis in the aquatic environment, where HA coexists ubiquitously.  
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CHAPTER 6 PHOTOLYTIC AND PHOTOCATALYTIC 
DECOMPOSITION OF CIPROFLOXACIN 
CIP is one of the most frequently prescribed FQ antibiotics in the world 
for treating numerous bacterial infections in humans and animals (Maia et al., 
2014). CIP has been frequently detected in surface water and wastewater (Batt 
et al., 2006). Photolytic and photocatalytic processes have shown great 
potential in CIP decomposition by using medium-pressure (Vasconcelos et al., 
2009; Haddad and Kümmerer, 2014) and high-pressure (An et al., 2010) 
mercury UV lamps. However, the drawbacks of these mercury UV lamps 
greatly restrict these processes for further large-scale applications, due to the 
high energy consumption, low photonic efficiency, short lamp life-span 
(around 8,000 h) and potential risk of hazardous mercury release (Autin et al., 
2013c; Xiong and Hu, 2013). As previously mentioned, newly-emerged 
UVA/LED is a promising alternative UV radiation source due to it high 
energy efficiency and long lifetime (Xiong and Hu, 2013). However, the 
performance of UVA/LED and UVA/LED/TiO2 for pharmaceuticals 
decomposition has rarely been investigated. Moreover, intense efforts have 
devoted to investigate the reaction kinetics and factors influencing photolytic 
and photocatalytic decomposition, but formation and decay of the TPs have 
rarely been investigated. 
The aim of this study was to evaluate the reaction kinetics and mechanisms 
of CIP during photolytic and photocatalytic decomposition using UVA/LED. 
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Firstly, photolytic and photocatalytic decomposition kinetics of CIP were 
investigated under different pH values. The contribution of different reactive 
species to photolytic and photocatalytic decomposition was examined by 
performing scavenger quenching experiments. Additionally, changes of the 
optical properties (UV-Vis absorbance) and mineralization of CIP were 
studied during photolytic and photocatalytic decomposition. Possible 
transformation pathways of CIP during photolytic and photocatalytic 
decomposition were proposed based on the TPs identified. Energy 
consumption for CIP decomposition by UVA/LED and UVA/LED/TiO2 was 
also determined. 
6.1 Decomposition kinetics 
Photolytic and photocatalytic decomposition of CIP were carried out at pH 
3, 6, 8 and 10 under UVA/LED light irradiation. Dark control experiments 
were preliminarily conducted and no obvious loss of CIP (< 8%) was observed 
in the absence of catalyst, confirming that the removal by hydrolysis was 
negligible (Wei et al., 2013). As seen in Figure 6.1a, photolytic decomposition 
of CIP followed pseudo-first-order kinetics in different pH solutions (R2 > 
0.98). The pseudo-first-order rate constants were highly pH-dependent. They 
were slow at pH 3 (0.0051 ± 0.0018 min-1) and markedly accelerated by 
increasing pH with a maximum at pH 8 (0.0279 ± 0.0011 min-1). However, 
further increase in pH resulted in a decline in the decomposition rates. The 
results are in line with previous studies wherein rapid photolytic 
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decomposition of CIP was observed at around neutral pH values (Van 
Doorslaer et al., 2011; Wei et al., 2013).  
 
Figure 6.1 Photolytic (a) and photocatalytic (b) decomposition of CIP and the 
corresponding rate constants at different pH values. [CIP]0 = 500 μg/L, [TiO2] 
= 2 mg/L. 
The observed pH-dependency could likely be attributed to the changes in 
the dissociation species of CIP (Figure 6.2a) and their corresponding UV-vis 
absorption spectra under various pH conditions (Figure 6.2b). As seen in 
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Figure 6.2b, the molar absorptivity of CIP at different pH values varied 
insignificantly in the emission wavelength range of the UVA/LED light source, 
so they can hardly contribute to this strong pH-dependent photolytic 
decomposition. The pH-dependency was thus mainly attributed to the 




Figure 6.2 Distribution of the different dissociation species (a) and their molar 
absorption coefficients (b) of CIP at different pH values. 
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Figure 6.1b shows photocatalytic decomposition of CIP at different pH 
values. Compared to the results in photolytic decomposition (Figure 6.1a), 
photocatalytic decomposition rates were significantly improved due to the 
addition of TiO2. Photocatalytic decomposition of CIP was also highly 
pH-dependent. The highest decomposition rates were observed at pH 8, 
analogous to previous studies on photocatalytic decomposition of CIP under 
UVA (λmax = 365 nm) irradiation (An et al., 2010; Van Doorslaer et al., 2011). 
The observed pH-dependent photocatalytic decomposition rates are in line 
with the pH-dependent adsorption of CIP on the catalyst surface, which is 
dominated by the surface charges of TiO2 and charges of CIP at different pH 
values (Van Doorslaer et al., 2011; Sturini et al., 2012). For TiO2, the overall 
surface charge varies from positive (pH < 6.25) to negative (pH > 6.25) with 
increasing pH values. For CIP, the dissociation constant (pKa) values are 3.01, 
6.14, 8.70 and 10.58, respectively (Wei et al., 2013). At low pH (pH < 6.25), 
both TiO2 and CIP are positively charged and adsorption of CIP on TiO2 is 
suppressed. At pH around 8, TiO2 is negatively charged while the main species 
of CIP is the single positively charged CIP ion (H2CIP+) (Figure 6.2a). Thus 
CIP adsorption is favoured, which accounts for the highest photocatalytic 
decomposition rates of CIP at pH 8 (Van Doorslaer et al., 2011). Further 
increase in pH results in negatively charged CIP (Figure 6.2a), which inhibits 
CIP adsorption on TiO2 and its subsequent photocatalytic decomposition. 
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6.2 Contribution of reactive species 
The addition of scavengers suppressed photolytic decomposition of CIP to 
varying degrees (Figure 6.3). The addition of methanol (100 mM), as an 
effective scavenger for •OH, resulted in a decrease in photolytic 
decomposition rates of CIP from 0.0243 ± 0.0019 to 0.0185 ± 0.0004 min-1. 
This result indicates that •OH was involved in CIP photolytic decomposition. 
The inhibitory effect of FFA (0.15 mM) was more significant than that of 
methanol. As FFA is a commonly used chemical trap for 1O2, the results 
suggest that CIP also underwent 1O2-induced photo-oxidation. 
 
Figure 6.3 Influence of methanol (100 mM) and FFA (0.15 mM) on photolytic 
decomposition rate constants of CIP. [CIP]0 = 500 μg/L, pH = 6.00 ± 0.10. * 
means statistically significant difference with or without scavengers (p < 0.05). 
 
However, decomposition of CIP could not be completely inhibited by 
scavengers, indicating direct photolysis was involved in CIP decomposition. 
Therefore, CIP underwent both direct photolysis and self-sensitized oxidation 
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via •OH and 1O2, which agrees with previous reports on photolytic 
decomposition of CIP and other FQ antibiotics under simulated sunlight 
irradiation (Ge et al., 2010; Li et al., 2011b). 
During photocatalytic experiments of CIP, the addition of methanol (100 
mM) and KI (2 mM) induced a pronounced retardation on CIP decomposition 
(Figure 6.4). The decomposition rates decreased by 80% and 82%, 
respectively, indicating that •OH and h+ were all participated in CIP 
photocatalytic decomposition. This is consistent with a previous research by 
Van Doorslaer et al. (2012) for photocatalytic decomposition of moxifloxacin. 
 
Figure 6.4 Influence of methanol (100 mM) and KI (2 mM) on photocatalytic 
decomposition rate constants of CIP. [CIP]0 = 500 μg/L, [TiO2] = 2 mg/L, pH 
= 6.00 ± 0.10. * means statistically significant difference with or without 




6.3 Mineralization of CIP 
6.3.1 Changes of TOC 
During photolytic decomposition, approximately 76% of CIP was removed 
after 240 min of irradiation, whereas TOC removal percentage was found to 
be only 7% (Figure 6.5a). Similar mineralization percentage (around 7%) of 
CIP was reported by Yuan et al. (2011) and Haddad and Kümmerer (2014) 
during photolytic decomposition, in spite of rapid consumption of CIP. The 
low degree of mineralization implies the potential formation of organic 
intermediates which are recalcitrant to photolytic decomposition. During 
photocatalytic decomposition, the removal efficiency of TOC was 
approximately 63% after 40 min of irradiation, whereas CIP was completely 
removed (Figure 6.5b). Similar mineralization percentage (approximately 55%) 
was detected by Paul et al. (2007) during UVA/TiO2 photocatalytic 
decomposition of CIP, when CIP was completed removed. Complete 
mineralization could be expected with a prolonged irradiation time, as 
demonstrated by Calza et al. (2008). The comparison between photolysis and 
photocatalysis suggests that photocatalysis process could promote CIP 
decomposition as well as mineralization. 
The pH values of the solution/suspension were monitored during 
photolytic and photocatalytic decomposition of CIP. As seen from Figure 6.5a, 
the pH values gradually decreased from 5.980 to 4.529 during photolytic 
decomposition when irradiation time increased from 0 to 240 min. During 
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photocatalytic decomposition, the pH values sharply decreased from 5.994 to 
4.285 in the first 10 min and then remained almost unchanged (Figure 6.5b). 
Similar result was reported by Li et al. (2011b), who found that photolytic 
decomposition of enrofloxacin led to a decrease in pH value. The decrease in 
the pH value could be attributed to the formation of the acidic intermediates 
such as carboxylic acids. For example, propanedioic acid and 1, 
4-benzenedicarboxylic acid were identified from UV/H2O2 process for 
decomposition of CIP (Yuan et al., 2011). Some short-chain linear carboxylic 
acids including formic, acetic, propanoic and oxalic acids were identified by 





Figure 6.5 Changes of TOC and pH values during photolytic (a) and 
photocatalytic (b) decomposition of CIP as a function of irradiation time. 
[CIP]0 = 20 mg/L, [TiO2] = 100 mg/L, pH0 = 6.00 ± 0.10. 
6.3.2 Formation of inorganic species 
The concentrations of F-, NO2
-, NO3
- and NH4
+ ions during photolytic and 
photocatalytic decomposition of CIP were further detected for confirmation of 
mineralization. A gradual release of F- was observed during both photolytic 
(Figure 6.6a) and photocatalytic (Figure 6.6b) decomposition of CIP. The 
theoretical maximum F- concentration would be 0.060 mM when the 
mineralization percentage of CIP (20 mg/L) was 100%. During photolytic 
decomposition, the maximum concentration of F- was 0.028 mM after 240 min 
of irradiation. It was calculated to be approximately 47% of the theoretical 
maximum F- concentration. During photocatalytic decomposition, the 
concentration of was 0.059 mM when CIP was completely degraded after 40 
min of irradiation, corresponding to approximately 100% of the theoretical 
maximum F- concentration. These results indicate that the fluorine atom 
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within CIP structure was easily mineralized. Thus, defluorination is an 
important pathway for CIP during photolytic decomposition (Paul et al., 2010) 




Figure 6.6 Formation of inorganic ions during photolytic (a) and 
photocatalytic (b) decomposition of CIP as a function of irradiation time. 
[CIP]0 = 20 mg/L, [TiO2] = 100 mg/L, pH0 = 6.00 ± 0.10. 
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negligible (data not shown) during photolytic decomposition, which suggests 
the presence of the organic nitrogenous intermediates. During photocatalytic 
decomposition, an increase in the concentrations of NO3
- and NH4
+ up to 
0.003 mM and 0.018 mM was observed after 40 min of irradiation (Figure 
6.6b). The formation of NO2- was negligible (data not shown). Therefore, the 
total amount of nitrogen release was calculated to be 0.021 mM, which was 
corresponding to 11% of the theoretical maximum nitrogen release from CIP 
(0.181 mM). This result indicates that the structural nitrogen atoms were not 
completely mineralized and there was still a considerable amount of organic 
nitrogenous intermediates. The nitrogen loss during photocatalytic 
decomposition of CIP was also observed by Calza et al. (2008) and Paul et al. 
(2010). For example, Calza et al. (2008) reported that nitrogen was mainly 
transformed to NH4
+ ion and to a negligible extent to NO2
- and NO3
- ions. 
After 30 min of irradiation, approximately 17% of the nitrogen was converted 
to NH4
+ when CIP was completely removed during photocatalytic 
decomposition. 
6.3.3 Changes of UV-Vis spectra 
In order to investigate the structural changes of CIP during photolytic and 
photocatalytic decomposition, the UV-Vis spectra were observed as a function 
of irradiation time (Figure 6.7). Two characteristic peaks were found for CIP 
before photolytic and photocatalytic decomposition (t = 0 min), i.e., a sharp 
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peak located at 272 nm and a broad peak located at 323 nm, respectively. With 
increasing irradiation time, the absorbance at these two characteristic 
wavelengths continuously decreased by these two decomposition processes. 
During photocatalytic decomposition, a blue shift from 272 nm to 261 nm was 
evidently observed for the UV band after 20 min of irradiation, while a blue 
shift from 323 nm to 311 nm was observed for the visible band after 5 min of 
irradiation (Figure 6.7b). Further increase in the irradiation time resulted in the 
disappearance of these two bands. These results imply the fragmentation of 
CIP into lower molecular weight compounds that were less UV absorbent 




Figure 6.7 Changes of UV-Vis absorbance during photolytic (a) and 
photocatalytic (b) decomposition of CIP as a function of irradiation time. 
[CIP]0 = 20 mg/L, [TiO2] = 100 mg/L, pH0 = 6.00 ± 0.10. 
6.4 TPs and transformation pathways 
6.4.1 Photolytic decomposition of CIP 
During photolytic decomposition, ten TPs were identified in full Q1 MS 
analysis including TP245, TP263, TP288, TP316a, TP316b, TP330a, TP330b, 
TP344, TP346 and TP348a (TP348a was labeled in order to distinguish 
another m/z 348 TP formed during photocatalytic decomposition of CIP, as 
seen in Section 6.4.2). To clarify the structure of the TPs, the observed 
protonated molecular ions ([M+H]+) were then selected as the precursor ions 
for collision-induced dissociation fragmentation to produce MS2 product ion 







Table 6.1 MS2 spectra of the TPs of CIP from photolytic decomposition.  








CIP 332 4.49 26 314, 294, 288, 268, 245, 231 
TP245 245 5.42 26 227, 199, 159 
TP263 263 5.84 25 245, 217, 177 
TP288 288 5.64 26 270, 242, 230, 225, 202, 201 
TP316a 316 3.45 28 299, 298, 255, 227, 199 
TP316b 316 5.18 28 298, 270, 227, 199 
TP330a 330 3.66 20 312, 286, 229, 217 
TP330b 330 5.48 18 312, 284, 241, 213 
TP344 344 5.02 30 326, 298, 255, 241, 227, 199 
TP346 346 4.30 30 328, 300, 259, 245, 231, 203 
TP348a 348 4.58 20 330, 304, 284, 261, 235 
 
TP263 (m/z 263) is 69 units of mass lower than the parent compound CIP 
(m/z 332), which could stem from the loss of -C4H7N group from piperazine 
ring. The fragmentation pattern of TP263 is in good agreement with those 
reported previously (Paul et al., 2010). The formation of TP263 suggests that 
the piperazine moiety in CIP was an important reactive site during photolytic 
decomposition. TP245 (m/z 245) might arise from the liberation of F from 
TP263 (Turiel et al., 2005). MS2 spectrum of TP245 showed the major 
fragments of m/z 227 ([M+H-H2O]+), m/z 199 ([M+H-H2O-CO]+) and m/z 
159 ([M+H-H2O-CO-C3H4]+), which justified the proposed structure. To our 
best knowledge, TP245 was detected for the ﬁrst time during photolytic 
decomposition of CIP under artificial light. It was only reported as the 
decomposition product of CIP in river water samples under direct sunlight in 
Belgium (Turiel et al., 2005). 
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TP344 might be formed from loss of F and oxidation of the piperazine ring 
followed by ring rupture. The proposed structure for TP344 is in agreement 
with those reported in earlier studies in photolytic decomposition of CIP 
(Lester et al., 2011; Haddad and Kümmerer, 2014). TP316a and TP316b (m/z 
316) are 28 units of mass lower than TP344. Both of them might arise from 
the loss of one -C=O group from TP344, which agrees with previous 
researches in CIP photolytic decomposition (Paul et al., 2010; Lester et al., 
2011; Haddad and Kümmerer, 2014). These two isomers were assigned on the 
basis that the loss of -NH3 group (m/z 299, [M+H-NH3]+) could be only 
observed in the MS2 spectra of TP316a. TP288 might be formed through the 
loss of one -C=O group from TP316a and TP316b. This compound has also 
been previously identified during photolytic decomposition of CIP (Sturini et 
al., 2012; Wei et al., 2013; Haddad and Kümmerer, 2014).  
TP330a and TP330b with the same m/z value of 330 were observed during 
photolytic decomposition of CIP. This observation matches with those 
reported in earlier photolytic decomposition studies (Vasconcelos et al., 2009; 
Haddad and Kümmerer, 2014). MS2 spectrum of TP330a showed the major 
fragments of m/z 312 ([M+H-H2O]+), m/z 286 ([M+H-CO2]+), m/z 229 
([M+H-H2O-C2H5N-C3H4]+) and m/z 217 ([M+H-CO2-C4H7N]+), which 
agrees with those reported previously (Paul et al., 2010; Perini et al., 2014). 
Thus TP330a was proposed as 6-hydroxyciprofloxacin, which corresponded to 
the substitution of the fluorine atom by a hydroxyl group (Paul et al., 2010; 
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Wei et al., 2013; Batchu et al., 2014). MS2 spectrum of TP330b exhibited two 
-C=O groups (m/z 213, [M+H-H2O-C2H5N-2CO]+), which suggests the 
oxidation of the piperazine ring (Vasconcelos et al., 2009; Haddad and 
Kümmerer, 2014).  
TP348a (m/z 348) differed from CIP parent compound ion (m/z 332) by 16 
units of mass, which implies a monohydroxylated intermediate generated from 
the addition of •OH radical on the reactive sites of CIP. This fragmentation 
pattern is in good agreement with those reported previously (An et al., 2010; 
Perini et al., 2014). TP346 (m/z 346) is two units of mass lower than TP348a. 
It might be formed by dihydroxylation or oxidation of a double bond with 
subsequent ring opening (Wei et al., 2013; Batchu et al., 2014). The MS2 
spectrum of TP346 exhibited only one H2O loss from the carboxyl group (m/z 
328, [M+H-H2O]+), suggesting that it was not a dihydroxylation product. The 
loss of two additional -C=O groups (m/z 231, [M+H-CO2-C2H5N-CO]+ and 
m/z 203, [M+H-CO2-C2H5N-2CO]+) was observed in the fragmentation ions 
of TP346. Thus TP346 might be formed by oxidation of the double bond 
between C2 and C3 in the quinolone ring with subsequent ring opening (Wei 
et al., 2013). 
The peak area of each TP was normalized to that of CIP at time zero for 
semi-quantification (Figure 6.8). The abundances of the majority of the TPs 
increased at the early stage and then decreased thereafter. For example, 
TP330a reached its maximum abundance in 30 min. TP316b, TP330b and 
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TP346 reached their maximum in 90 min. Within the investigated period, 
TP288 and TP344 were however accumulated. In addition, the predominant 
TP was altered at different stages of reaction, possibly due to the differences in 
the formation and decay rates of different TPs. In the initial 25 min, TP330a 
was the most abundant TP. From 30 min to 90 min, TP316b overweighed 
TP330a in abundance and became the dominant TP. The abundance of TP263 
was the highest in the later stage of reaction. 
 
Figure 6.8 Evolution of the intermediates identified during photolytic 
decomposition of CIP as a function of irradiation time. [CIP]0 = 20 mg/L, pH0 
= 6.00 ± 0.10. 
 
Based on the photolytic decomposition products identified, five possible 
photolytic decomposition pathways of CIP were elucidated (Figure 6.9). 
Substitution of fluorine atom on C6 by a hydroxyl group was considered as the 
first photolytic decomposition pathway, which was reported previously during 
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CIP photolytic (Paul et al., 2010; Haddad and Kümmerer, 2014) and 
photocatalytic decomposition (Calza et al., 2008; Sturini et al., 2012). 
Hydroxylation was proposed as the second decomposition pathway and one 
monohydroxylated intermediate TP348a was detected. Similar pathway was 
observed during photolytic decomposition of CIP under 254 nm UV light 
(Batchu et al., 2014) and simulated sunlight (Haddad and Kümmerer, 2014). 
The first two pathways were initiated by the attack of •OH. TP346 was 
produced through the loss of F and oxidation of the quinolone ring, which has 
been found during photolytic decomposition of CIP under simulated sunlight 
(Wei et al., 2013). The formation of TP346 suggests a self-sensitized oxidation 
mechanism of CIP during photolytic decomposition (Wei et al., 2013). In the 
fourth pathway, dealkylation of the piperazine ring resulted in the generation 
of TP263, which has been previously identified during decomposition of CIP 
by UV (Wei et al., 2013), UV/H2O2 (Guo et al., 2013) and UV/TiO2 (Paul et 
al., 2010). The release of F from TP263 generated TP245. Defluorination and 
rupture of piperazine ring was proposed as the fifth pathway, suggesting that 
piperazine ring is an important reactive site in CIP during photolytic 
decomposition. The formation of these oxidation products suggests that CIP 




Figure 6.9 Decomposition products and proposed photolytic decomposition 
pathways of CIP. 
 
6.4.2 Photocatalytic decomposition of CIP 
During photocatalytic decomposition, totally nine TPs were identified 
including TP263, TP291, TP306, TP330a, TP334a, TP334b, TP348a, TP348b 
and TP362. The fragment ions from MS2 spectra of these TPs are listed in 
Table 6.2. Three of them (TP263, TP330a and TP348a) were observed during 
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photolytic decomposition of CIP (as seen in Section 6.4.1). The retention time 
and fragmentation patterns of these TPs are in good agreement with those 
generated from photolytic decomposition of CIP (Table 6.1). Thus, TP263 
could arise from the loss of -C4H7N group from piperazine ring. TP330a was 
proposed as 6-hydroxyciprofloxacin, which might arise from the 
photosubstitution of the fluorine atom on C6 by a hydroxyl group. TP348a 
could be a monohydroxyl intermediate formed by the addition of •OH. These 
three intermediates were previously observed during photocatalytic 
decomposition of CIP (Calza et al., 2008; An et al., 2010; Paul et al., 2010). 
 
Table 6.2 MS2 spectra of the TPs of CIP from photocatalytic decomposition.  








CIP 332 4.48 25 314, 294, 288, 245, 231 
TP263 263 5.84 26 245, 217, 205, 199 
TP291 291 5.71 22 273, 245, 227, 217, 205, 177 
TP306 306 4.21 28 288, 268, 245, 217, 204, 190 
TP330a 330 3.75 22 312, 286, 257, 243, 229 
TP334a 334 3.83 22 317, 316, 296, 273, 245, 217 
TP334b 334 5.45 25 316, 314, 245, 230, 217 
TP348a 348 4.54 25 330, 304, 287, 261, 247 
TP348b 348 5.76 26 330, 310, 287, 259, 231 
TP362 362 5.22 28 344, 324, 316, 273, 245, 217 
 
The other six intermediates including TP291, TP306, TP334a, TP334b, 
TP348b and TP362 were only observed during photocatalytic decomposition 
of CIP. TP306 (m/z 306) is 26 units of mass lower than CIP (m/z 332), which 
could stem from the loss of -C2H2 group from piperazine ring (An et al., 2010; 
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Paul et al., 2010). The consecutive loss of -C2H5N group from TP306 could 
lead to the formation of TP263. TP348b (m/z 348) could be another 
monohydroxyl intermediate formed by the addition of •OH during 
photocatalytic decomposition of CIP. According to the frontier electron 
densities (FEDs) calculation, C5 was another reasonable site for the addition 
of •OH (An et al., 2010). The proposed structure of TP348b is in agreement 
with that observed by Calza et al. (2008) during photocatalytic decomposition 
of CIP.  
TP362 (m/z 362) is 30 mass units more than parent compound CIP (m/z 
332). The major fragment ions agree well with previous studies for m/z 362 
(Zhang and Huang, 2005; Paul et al., 2010). Thus TP362 could be produced by 
oxidation of the piperazine ring with consequent ring opening. TP334a and 
TP334b with the same m/z value might arise from the loss of one -C=O group 
from TP362. The difference between the MS2 spectra of TP334a and TP334b 
was that the loss of -NH3 group (m/z 317, [M+H-NH3]+) could only be 
observed in TP334a, which supports the proposed structure for TP334a and 
TP334b. Additionally, TP334b showed longer retention time in 
chromatographic measurement (Table 6.2), which could be attributed to the 
presence of an intramolecular hydrogen bond in the structure of TP334b 
(Calza et al., 2008). These two isomers were also reported in previous studies 
in CIP photocatalytic decomposition (Calza et al., 2008; Paul et al., 2010). 
TP291 could be generated from the loss of -C2H5N group from TP334a (Paul 
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et al., 2010; Liu et al., 2012). 
The peak areas of these TPs were normalized to that of CIP at time zero 
for semi-quantification. As seen from Figure 6.10, the abundances of the 
product peaks increased at the early stage and then decreased thereafter. The 
intermediates TP306, TP291 and TP334a reached their maximum in 2 min, 10 
min and 15 min, respectively, while all the other intermediates reached their 
maximum in 5 min. All these identified intermediates were almost completely 
decomposed after 40 min irradiation. 
 
Figure 6.10 Evolution of the intermediates identified during photocatalytic 
decomposition of CIP as a function of irradiation time. [CIP]0 = 20 mg/L, 
[TiO2] = 100 mg/L, pH0 = 6.00 ± 0.10. 
 
Based on the identified photocatalytic decomposition products, four initial 
photocatalytic decomposition pathways of CIP were elucidated (Figure 6.11). 
Hydroxylated defluorination was considered as the first decomposition 
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pathway. Photosubstitution of fluorine atom on C6 by a hydroxyl group 
resulted in the formation of TP330a, which was observed in prior studies on 
CIP photolytic (Paul et al., 2010; Haddad and Kümmerer, 2014) and 
photocatalytic decomposition (Calza et al., 2008; Sturini et al., 2012). This 
pathway is in accordance with the formation of F- in the solution as discussed 
in Section 6.3.2. Hydroxylation was proposed as the second decomposition 
pathway and two monohydroxyl intermediates (TP348a and TP348b) were 
detected corresponding to the most reactive sites for addition of hydroxyl 
group (Calza et al., 2008; An et al., 2010). In pathways 3 and 4, the 
fluoroquinolone core was remained intact among all of the identified products 
and piperazine ring served as the reaction site. In pathway 3, the partial and 
full dealkylation of the piperazine ring resulted in the generation of TP306 and 
TP263, which was previously proposed for CIP during photocatalytic 
decomposition (An et al., 2010; Paul et al., 2010). Oxidation of the piperazine 
ring with consequent ring rupturing was proposed as the fourth decomposition 
pathway (Paul et al., 2010). These reaction pathways also occurred for CIP 
oxidated by ozone (Liu et al., 2012), manganese oxide (Zhang and Huang, 
2005), ferrate(VI) (Zhou and Jiang, 2015) and zero-valent iron under oxic 




Figure 6.11 Decomposition products and proposed photocatalytic 
decomposition pathways of CIP. 
 
6.5 Toxicity prediction 
The toxicity of the TPs during photolytic and photocatalytic 
decomposition of CIP was estimated by the USEPA TEST model, and the 
toxicological values of 96 h fathead minnow LC50 and Ames mutagenicity are 
presented in Table 6.3. During photolysis and photocatalysis, the fathead 
minnow LC50 values of the TPs increased and the predicted mutagenicity 
decreased compared to that of CIP. These results indicate that photolytic and 
photocatalytic transformation of CIP proceeds through the loss of toxicity and 
mutagenicity. These findings are consistent with the experimental results 
tested by Escherichia coli bacterial assay (Paul et al., 2010; Zhang et al., 2015) 
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or Vibrio fischeri luminescent bacteria (Calza et al., 2008), which suggests that 
photolytic and photocatalytic processes could reduce the antibacterial activity 
of CIP solutions. The reduction in the antibacterial activity could be attributed 
to the changes in the quinolone structure (Shen et al., 1989) as well as the 
transformation of N-piperazine ring moiety (Paul et al., 2010; Zhang et al., 
2015). 
 
Table 6.3 Toxicological values of CIP and its TPs during photolysis and 
photocatalysis predicted by USEPA TEST.  
ID a Fathead minnow  
LC50 (96 h) 
Ames mutagenicity 
 -log (mol/L) mg/L Predicted Value Predicted Result b 
CIP 6.49 0.11 0.70 + 
TP245 (A) 5.85 0.35 0.29 - 
TP263 (AB) 6.10 0.21 0.58 + 
TP288 (A) 6.07 0.24 0.47 - 
TP291 (B) 6.27 0.16 0.28 - 
TP306 (B) 6.35 0.14 0.51 + 
TP316a (A) 5.82 0.48 0.36 - 
TP316b (A) 6.14 0.23 0.40 - 
TP330a (AB) 5.97 0.36 0.58 + 
TP330b (A) 5.86 0.45 0.66 + 
TP334a (B) 6.11 0.26 0.36 - 
TP334b (B) 6.35 0.15 0.36 - 
TP344 (A) 5.99 0.35 0.28 - 
TP346 (A) 5.48 1.13 0.53 + 
TP348a (AB) 5.92 0.42 0.59 + 
TP348a (B) 6.16 0.24 0.68 + 
TP362 (B) 6.20 0.23 0.63 + 
a TPs were identified during photolytic decomposition (A) and photocatalytic 
decomposition (B). 
b Mutagenicity positive (+) and mutagenicity negative (-). 
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6.6 Electrical energy consumption estimation 
Figure 6.12 presents the electrical energy consumption for CIP 
decomposition by photolytic and photocatalytic processes under different pH 
conditions. Compared with photolytic decomposition, much lower EEO values 
were observed in photocatalytic decomposition of CIP, suggesting that 
electrical energy could be greatly reduced by photocatalysis (Natarajan et al., 
2011b). The EEO values varied between 12.36 and 48.92 kWh/m3/order during 
photocatalytic decomposition of CIP at various pH values. Since the scale-up 
from bench scale to full scale can decrease EEO by at least one order of 
magnitude (Autin et al., 2013a), the predicted EEO values (assuming 1-log 
reduction) would be 1.24-4.89 kWh/m3/order for CIP decomposition at pH 
3-10 by UVA/LED/TiO2. In environmentally relevant pH conditions (pH 6-9), 
the predicted EEO was in the range of 1.24-2.24 kWh/m3/order. It was reported 
that EEO values of 2.65 kWh/m3/order or less were very favorable (Bolton and 
Cater, 1994). Therefore, the UVA/LED/TiO2 system is economically viable for 




Figure 6.12 Comparison of the EEO values for photolytic and photocatalytic 
decomposition of CIP at different pH values. [CIP]0 = 500 μg/L, [TiO2] = 2 
mg/L.  
Furthermore, EEO values obtained from this study were compared with 
those from previous studies on CIP photolysis (Paul et al., 2007; Paul et al., 
2010; Haddad and Kümmerer, 2014) and photocatalysis (An et al., 2010; Paul 
et al., 2007; Paul et al., 2010) using mercury UVA lamps (Figure 6.13). It can 
be seen that EEO values for CIP decomposition under UVA/LED during 
photolysis and photocatlysis were generally much lower than those from 
literature using mercury UVA lamps. It suggests that UVA/LED is highly 
energy efficient compared to mercury UVA lamps in photolytic and 




Figure 6.13 Comparison of the EEO values for photolytic and photocatalytic 
decomposition of CIP with literature.  
 
6.7 Summary 
Photolytic and photocatalytic decomposition of CIP was investigated 
under UVA/LED irradiation. The results revealed that photolytic and 
photocatalytic decomposition of CIP followed pseudo-first-order kinetics and 
they were strongly pH-dependent. The fastest decomposition rate constants of 
CIP were obtained at pH 8, which were 0.0279 ± 0.0011 and 0.3109 ± 0.0134 
min-1, respectively, during photolysis and photocatalysis. Direct photolysis and 
self-sensitized oxidation by •OH and 1O2 contributed to CIP photolytic 
decomposition. Photocatalytic decomposition of CIP was induced by h+ and 
•OH. Decrease in UV-Vis absorbance indicated the decomposition of aromatic 
structures of CIP into low molecular weight compounds during photolytic and 
photocatalytic decomposition. TOC removal and formation of inorganic ions 
This study, UVA/LED
Literature, UVA mercury lamps
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were greatly promoted by photocatalytic decomposition compared to 
photolytic decomposition. Different TPs were identified during photolytic and 
photocatalytic decomposition of CIP, although three of them (TP263, TP330a 
and TP348a) were observed in both processes. The main reaction sites in CIP 
were quinolone ring and piperazine moiety during both photolytic and 
photocatalytic decomposition. Photolytic and photocatalytic decomposition of 
CIP proceeded through defluorination, hydroxylation, dealkylation/oxidation 
of the piperazine ring and oxidation of quinolone ring. The toxicity of the 
photolytic and photocatalytic TPs was reduced in comparison with that of CIP 
predicted by USEPA TEST model. Energy consumption analysis revealed that 
the UVA/LED/TiO2 system could be energy-efficiently (1.24-4.89 
kWh/m3/order) applied for CIP decomposition.  
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CHAPTER 7 EFFECT OF NOM ON PHOTOLYTIC AND 
PHOTOCATALYTIC DECOMPOSITION OF CIPROFLOXACIN 
Recent studies have shown that the characteristics of NOM may affect 
photolytic and photocatalytic decomposition rates of antibiotics (Jacobs et al., 
2011; Ji et al., 2013; Maeng et al., 2015; Van Doorslaer et al., 2015). For 
example, Jacobs et al. (2011) found that PLFA exhibited higher 
photosensitization effect than SRFA on photolytic decomposition of ibuprofen, 
probably due to their compositional differences. Maeng et al. (2015) reported 
that the presence of L-tyrosine and SRNOM kinetically retarded the 
photocatalytic decomposition rates of cimetidine by TiO2 nanofibers and the 
inhibitory effect was more significant by SRNOM due to its stronger light 
attenuation. However, despite of the above-mentioned studies, research on the 
impact of different characteristics of NOM on photocatalytic decomposition is 
still quite limited. Furthermore, effects of NOM characteristics on the changes 
of TPs/pathways of pharmaceuticals during photolytic and photocatalytic 
decomposition remain to be investigated.  
The objective of this study was to evaluate the effects of NOM 
characteristics on the reaction kinetics and TPs of CIP by photolytic and 
photocatalytic decomposition. Three NOM isolates including SAHA, SRHA 
and SRNOM were selected in this study, which differ in origin, chemical 
structure, molecular weight and degrees of aromaticity. Firstly, the comparison 
of the three NOM isolates affecting decomposition kinetics of CIP by 
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photolysis and photocatalysis was made. Then, formation and decay of TPs 
were investigated in the presence of different NOM isolates to help understand 
how the characteristics of NOM influence the transformation pathways of CIP 
by photolytic and photocatalytic decomposition. Finally, the role of NOM 
acting as radical scavenger was quantified to further elucidate the influencing 
mechanisms of NOM.  
7.1 Characterization of NOM 
The elemental compositions and functional groups of NOM isolates are 
shown in Table 7.1. SAHA contained more carbon than SRHA and SRNOM. 
But the calculated O/C ratios for SRNOM and SRHA are higher than SAHA, 
due to their greater concentrations of carboxyl moieties.  
 
Table 7.1 Elemental compositions and functional groups of NOM isolates. 




C H O 
SAHAa 68.98 5.26 43.45 0.63 4.38 2.71 
SRHAb 52.63 4.28 42.04 0.80 9.13 3.72 
SRNOMb 50.70 3.97 41.48 0.82 11.21 2.47 
a Uyguner-Demirel and Bekbolet (2011), b http://www.humicsubstances.org/. 
The UV-Vis spectra of NOM isolates are shown in Figure 7.1a. SAHA 
showed highest UV-Vis absorption, followed by SRHA and SRNOM. Optical 
parameters such as SUVA254 and E2/E3 are indicators of the aromatic carbon 
content and the molecular weight (Sun et al., 2012; Valencia et al., 2013). As 
shown in Table 7.2, SAHA exhibited the highest SUVA254 values and the 
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lowest E2/E3 ratios among the three NOM isolates. It indicates that SAHA has 
higher degree of aromaticity than SRHA and SRNOM (Weishaar et al., 2003; 
Sun et al., 2012; Sharpless et al., 2014), which is consistent with their carbon 
contents (Table 7.1). 
Figure 7.1b-d shows EEM fluorescence spectra of NOM isolates. Two 
fluorophores (Region I and Region II) were clearly observed in each NOM, 
which agrees with previous findings (Dong et al., 2010; Liu et al., 2015). 
Region I is indicative of humic-like species (λex > 300 nm) and Region II 
represents fulvic-like compounds (λex < 300 nm). SAHA was strongly 
fluorescent and its peak maxima located at λex/λem pairs of 275 nm/480 nm and 
420 nm/500 nm, respectively. SRHA exhibited two less strong fluorophores at 
relatively lower λex/λem wavelengths (240 nm/452 nm and 325 nm/462 nm, 
respectively). The fluorescent peaks of SRNOM located at even lower 
wavelengths (λex/λem = 225 nm/426 nm and 325 nm/454 nm, respectively). The 
peak location is related with molecular weight and polycondensation of 
aromatic compounds within macromolecules (Senesi et al., 1989; Liu et al., 
2015). The longer wavelengths measured for the fluorescence peaks of SAHA 
are generally attributed to the condensed aromatic ring and other unsaturated 
bonds, a higher degree of conjugation and higher molecular weight; whereas 
the shorter wavelengths of SRHA and SRNOM suggest the existence of 
smaller molecular weight and lower degree of aromatic polycondensation and 
conjugated chromophores (Senesi et al., 1989; Chen et al., 2002; Liu et al., 
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2015). The FI values of NOM isolates followed the order of SRNOM > 
SRHA > SAHA (Table 7.2), indicating lower degree of aromaticity of 
SRNOM than SRHA and SAHA (McKnight et al., 2001). The observation 
from EEM fluorescence is in agreement with that from UV-Vis measurement. 
 
 
Figure 7.1 UV-Vis absorption spectra (a) and excitation-emission matrix 
(EEM) fluorescence spectra (b-d) of different NOM isolates. [SAHA] = 
[SRHA] = [SRNOM] = 7.5 mg C/L. 
 
Table 7.2 Optical properties of NOM isolates. 
NOM 
SUVA254 
(L/(mg C m)) 
E2/E3 S355-385 
EEM peak maxima 
λex/λem (nm/nm) FI 
Region I Region II 
SAHA 8.25 3.19 0.42 420/500 275/480 1.24 
SRHA 5.39 3.55 0.60 325/462 240/452 1.40 




7.2 Effect of NOM on photolytic and photocatalytic decomposition 
kinetics 
Photolytic and photocatalytic decomposition of CIP was conducted in the 
presence of SAHA, SRHA and SRNOM under UVA/LED irradiation. During 
photolytic decomposition of CIP, the k values were insignificantly affected 
with the addition of the three NOM isolates (p > 0.05, t-test) (Figure 7.2a). 
This result indicates that light shielding by NOM is unlikely to be dominant 
during photolytic decomposition of CIP. During photocatalytic decomposition 
of CIP, the presence of the three NOM isolates negatively affected the k values 
(Figure 7.2b). The inhibitory effect of NOM was also observed for the 
decomposition of moxifloxacin (Van Doorslaer et al., 2015) and other 
antibiotics (Hu et al., 2007; Carbonaro et al., 2013) by TiO2 photocatalysis. 
The degrees of suppression on CIP photocatalytic decomposition by different 
NOM isolates followed the order of SAHA (49.6%) > SRHA (29.9%) > 
SRNOM (21.2%), suggesting the dependence on NOM characteristics. A 
similar observation is reported by Van Doorslaer et al. (2015), in which SAHA 
showed stronger inhibitory effect on photocatalytic decomposition of 
moxifloxacin than SRNOM. Their results also showed that the presence of 
NOM could significantly promote the adsorption of moxifloxacin on TiO2, 
probably due to the formation of NOM-TiO2 complexes. Therefore, 
competitive adsorption by NOM is unlikely to be reason for the suppressed 
photocatalytic decomposition of CIP with NOM addition. The inhibitory effect 
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of NOM could be likely explained by scavenging of reactive species (Doll and 
Frimmel, 2005; Hu et al., 2007; Van Doorslaer et al., 2015).  
 
 
Figure 7.2 Photolytic (a) and photocatalytic (b) decomposition rate constants 
of CIP in the presence of different NOM isolates. [CIP]0 = 20 mg/L, [TiO2] = 
100 mg/L, [SAHA] = [SRHA] = [SRNOM] = 15 mg/L, pH = 6.00 ± 0.10. * 






The reactivity of different NOM isolates with •OH was evaluated with the 
help of a probe pCBA. The dramatic decrease in [•OH]ss (Table 7.3) confirmed 
the role of NOM as •OH scavenger, thus protecting the concomitant CIP from 
oxidation. The inhibition on [•OH]ss followed the order of SAHA > SRHA > 
SRNOM, which is in accordance with their degrees of aromaticity. These 
results are consistent with prior studies in which the •OH quenching ability of 
NOM was correlated with SUVA254 values (Rosario-Ortiz et al., 2008; Maeng 
et al., 2015). The highest SUVA254 value in SAHA (Table 7.2) reflects stronger 
•OH quenching ability than SRHA and SRNOM, leading to the most 
pronounced retardation on CIP photocatalytic decomposition. 
 
Table 7.3 Steady-state concentrations of •OH ([•OH]ss) in the presence of 
different NOM isolates. 
Experiment conditions [•OH]ss (mol/L)  
DI (4.56 ± 0.12) × 10-12 
DI + SAHA (5.33 ± 0.01) × 10-14 
DI + SRHA (8.88 ± 0.18) × 10-14 
DI + SRNOM (1.07 ± 0.05) × 10-13 
 
7.3 Effect of NOM on photolytic decomposition products 
Almost identical TPs were formed in the presence of NOM isolates during 
photolytic decomposition of CIP compared to that in DI water, except for the 
disappearance of TP330b. In addition, a new compound TP306 was observed 
in the presence of NOM isolates, probably due to the increased concentration 
of TP306. This result suggests that the species of the TPs are influenced by 
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NOM during photolytic decomposition, which is supported by previous 
studies on photolytic decomposition of estrone (Caupos et al., 2011) and 
phenolic compounds (Calza et al., 2014) in the presence of NOM. The time 
evolution profiles of these TPs during photolytic decomposition of CIP with 
and without NOM are further discussed in this section. 
7.3.1 Photoinduced solvolytic defluorination 
Photoinduced solvolytic defluorination was the first transformation 
pathway of CIP during photolytic decomposition (as seen in Section 6.4.1.). 
TP330a was formed by photosubstitution of the fluorine atom by a hydroxyl 
group (Paul et al., 2010; Wei et al., 2013; Batchu et al., 2014). As shown in 
Figure 7.3, the abundances of TP330a were slightly decreased with the 
addition of the three NOM isolates compared to that in DI water.  
 
Figure 7.3 Evolution of TP330a during photolytic decomposition of CIP in DI 
water and in the presence of different NOM isolates and radical scavengers. 
[CIP]0 = 20 mg/L, [SAHA] = [SRHA] = [SRNOM] = 15 mg/L, [methanol] = 




TP348a were formed by addition of a hydroxyl group to CIP during 
photolytic decomposition (Calza et al., 2008; An et al., 2010). As shown in 
Figure 7.4, TP348a was also observed in the presence of the three NOM 
isolates during photolytic decomposition of CIP, but their abundances were 
slightly lower compared to that without NOM addition. Scavenging of •OH by 
methanol resulted in a decrease in the abundance of TP348a, indicating the 
role of •OH in transforming CIP into TP348a during photolytic decomposition. 
The suppressed formation of TP348a in the presence of NOM isolates 
suggests that hydroxylation is inhibited by NOM through •OH quenching.  
 
Figure 7.4 Evolution of TP348a during photolytic decomposition of CIP in DI 
water and in the presence of different NOM isolates and radical scavengers. 
[CIP]0 = 20 mg/L, [SAHA] = [SRHA] = [SRNOM] = 15 mg/L, [methanol] = 




7.3.3 Oxidation of quinolone ring 
As discussed in Section 6.4.1, TP346 might be formed by oxidation of the 
double bond between C2 and C3 in the quinolone ring with subsequent ring 
opening (Wei et al., 2013). The time evolution profiles of TP346 with and 
without NOM addition are shown in Figure 7.5. The abundances of TP346 
were greatly decreased in the presence of SRHA and SRNOM, and TP346 was 
not observed in the presence of SAHA. Scavenging of •OH or 1O2 led to a 
decrease in the abundance TP346, implying the role of •OH and 1O2 in the 
formation of TP346. Thus, oxidation of quinolone ring is suppressed by NOM 
due to its role as radical quencher. 
 
Figure 7.5 Evolution of TP346 during photolytic decomposition of CIP in DI 
water and in the presence of different NOM isolates and radical scavengers. 
[CIP]0 = 20 mg/L, [SAHA] = [SRHA] = [SRNOM] = 15 mg/L, [methanol] = 




7.3.4 Dealkylation of piperazine ring  
Two dealkylation products of piperazine ring including TP 245 and TP263 
were identified during photolytic decomposition of CIP in the absence of 
NOM isolates. However, a new compound TP306 was observed with the 
addition of NOM isolates, probably due to the increased concentration of 
TP306. Generally, the abundances of TP263 and TP245 were greatly enhanced 
in the presence of NOM isolates compared to that obtained in DI water (Figure 
7.6). TP306, as a precursor compound for the generation of TP263 (Section 
6.4.2.), was also identified in the presence of NOM isolates. These results 
suggest that dealkylation of piperazine ring is favored by NOM addition 






Figure 7.6 Evolution of TP245 (a), TP263 (b) and TP306 (c) during photolytic 
decomposition of CIP in DI water and in the presence of different NOM 
isolates and radical scavengers. [CIP]0 = 20 mg/L, [SAHA] = [SRHA] = 
[SRNOM] = 15 mg/L, [methanol] = 100 mM, [FFA] = 0.15 mM, pH0 = 6.00 ± 
0.10. 
7.3.5 Rupture of piperazine ring 
TP330b were not observed in the presence of the three NOM isolates 
(Figure 7.7d). The abundances of TP344, TP316a, TP316b and TP288 were 
decreased in the presence of SAHA and SRHA, while they were unchanged or 
slightly increased in the presence of SRNOM. These results suggest that the 
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Figure 7.7 Evolution of TP288 (a), TP316a (b), TP316b (c), TP330b (d) and 
TP344 (e) during photolytic decomposition of CIP in DI water and in the 
presence of different NOM isolates and radical scavengers. [CIP]0 = 20 mg/L, 
[SAHA] = [SRHA] = [SRNOM] = 15 mg/L, [methanol] = 100 mM, [FFA] = 
0.15 mM, pH0 = 6.00 ± 0.10. 
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Among all the ten TPs of CIP generated from photolytic decomposition, 
only TP263 and TP348a possessed the F atom, while all the others are 
defluorination products, indicating that defluorination is a predominant 
transformation pathway of CIP by photolytic decomposition. In the presence 
of NOM, all the defluorination pathways including photoinduced solvolysis, 
oxidation of quinolone ring and rupture of piperazine ring were inhibited. 
Additionally, hydroxylation pathway was suppressed probably due to •OH 
quenching by NOM. In contrast, dealkylation of piperazine ring was promoted 
by NOM during photolytic decomposition. 
7.4 Effect of NOM on photocatalytic decomposition products 
During photocatalytic decomposition of CIP, almost identical TPs were 
generated in the presence of NOM compared to that in DI water, except for the 
disappearance of TP348a and TP348b. The difference is likely due to the 
modification of reaction mechanisms of CIP decomposition by NOM addition. 
It suggests that the species of the TPs are influenced by NOM during 
photocatalytic decomposition. The time evolution profiles of these TPs during 
photocatalytic decomposition of CIP with and without NOM are analyzed in 
the following discussion.  
7.4.1 Defluorination 
TP330a (m/z 330) was likely generated by substitution of the fluorine 
atom on C6 by a hydroxyl group (Calza et al., 2008). As seen from Figure 7.8, 
the addition of methanol (•OH scavenger) greatly reduced the abundance of 
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TP330a, implying that free •OH plays a significant role in the formation of 
TP330a. In the presence of the three NOM isolates, the abundances of TP330a 
were decreased compared to that in DI water. This result suggests that 
•OH-induced defluorination pathway is inhibited by NOM addition, mainly 
due to the role of NOM as •OH scavenger.  
 
Figure 7.8 Evolution of TP330a during photocatalytic decomposition of CIP in 
DI water and in the presence of different NOM isolates and radical scavengers. 
[CIP]0 = 20 mg/L, [TiO2] = 100 mg/L, [SAHA] = [SRHA] = [SRNOM] = 15 
mg/L, [methanol] = 100 mM, [KI] = 2 mM, pH0 = 6.00 ± 0.10. 
 
7.4.2 Hydroxylation 
Two monohydroxyl products of TP348a and TP348b were formed via 
hydroxylation with addition of a hydroxyl group (Calza et al., 2008; An et al., 
2010). In the presence of the three NOM isolates, TP348a was not observed 
(signal-to-noise ratio (S/N) < 3) during photocatalytic decomposition of CIP 
(Figure 7.9a). Scavenging of free •OH by methanol resulted in the 
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disappearance of TP348a, indicating the role of free •OH in transforming CIP 
into TP348a during photocatalytic decomposition. In comparison, TP348b was 
only observed in the presence of SRNOM during photocatalytic 
decomposition of CIP, at much lower abundance compared to that in DI water 
(Figure 7.9b). The abundance of TP348b was hardly affected by the addition 
of methanol, but it was strongly retarded by the addition of KI (hole 
scavenger). This result suggests that photogenerated holes are mainly 
responsible for the formation of TP348b. The decrease in the abundances of 
TP348b in the presence of NOM isolates could be probably attributed to the 
competition between NOM and CIP for holes during photocatalytic 
decomposition. Therefore, the suppressed formation of TP348a and TP348b in 
the presence of NOM suggests that •OH/hole-induced hydroxylation pathways 
of CIP are inhibited by NOM during photocatalytic decomposition. Compared 
to SRNOM, SAHA and SRHA showed stronger inhibitory effect on the 
formation of TP348b, indicating the properties of NOM may influence the TPs 





Figure 7.9 Evolution of TP348a (a) and TP348b (b) during photocatalytic 
decomposition of CIP in DI water and in the presence of different NOM 
isolates and radical scavengers. [CIP]0 = 20 mg/L, [TiO2] = 100 mg/L, [SAHA] 
= [SRHA] = [SRNOM] = 15 mg/L, [methanol] = 100 mM, [KI] = 2 mM, pH0 
= 6.00 ± 0.10. 
7.4.3 Dealkylation of piperazine ring  
TP306 (m/z 306) and TP263 (m/z 263) could be formed by cleavage of 
-C2H2 and -C4H7N groups from the piperazine ring in CIP (An et al., 2010; 
Paul et al., 2010). As seen from Figure 7.10a and Figure 7.10b, scavenging of 
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free •OH and valence band hole by methanol and KI favored generation of 
TP263 and TP306, implying a mechanism change in CIP transformation. This 
change may be caused by the reaction of CIP with other reactive species, 
which became dominant in the presence of methanol and KI. The abundances 
of TP263 and TP306 were greatly enhanced in the presence of NOM 
compared to that obtained in DI water. This result indicates that the reaction of 
piperazine ring dealkylation is favored by NOM addition during photocatalytic 
decomposition of CIP. However, the evolution kinetics of TP263 and TP306 
were modified by different NOM isolates. For example, TP263 reached its 
maximum abundance at 5 min in DI water. In comparison, their maxima were 
observed in 60, 30 and 30 min, in the presence of SAHA, SRHA and SRNOM, 






Figure 7.10 Evolution of TP263 (a) and TP306 (b) during photocatalytic 
decomposition of CIP in DI water and in the presence of different NOM 
isolates and radical scavengers. [CIP]0 = 20 mg/L, [TiO2] = 100 mg/L, [SAHA] 
= [SRHA] = [SRNOM] = 15 mg/L, [methanol] = 100 mM, [KI] = 2 mM, pH0 
= 6.00 ± 0.10. 
7.4.4 Oxidation of piperazine ring 
TP291 (m/z 291), TP334a (m/z 334), TP334b (m/z 334) and TP362 (m/z 
362) were identified as oxidation products of piperazine ring with consequent 
decarbonylation and N-dealkylation (Calza et al., 2008; Paul et al., 2010; Liu 
et al., 2012). In the presence of NOM, the formation of these TPs was greatly 
favored (Figure 7.11). Moreover, SRNOM showed the strongest promoting 
effect among the three NOM isolates, followed by SRHA and SAHA. For 
example, the maximum abundances of TP291 were approximately 2, 3 and 4 
times higher in the presence of SAHA, SRHA and SRNOM, respectively, than 
that in DI water. This result implies that NOM could facilitate the ring opening 
reactions on the piperazine moiety during photocatalytic decomposition of CIP. 
In addition, scavenging of free •OH and valence band hole also promoted the 
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generation of TP291, TP334a, TP334b and TP362, indicating the more 







Figure 7.11 Evolution of TP291 (a), TP334a (b), TP334b (c) and TP362 (d) 
during photocatalytic decomposition of CIP in DI water and in the presence of 
different NOM isolates and radical scavengers. [CIP]0 = 20 mg/L, [TiO2] = 
100 mg/L, [SAHA] = [SRHA] = [SRNOM] = 15 mg/L, [methanol] = 100 mM, 
[KI] = 2 mM, pH0 = 6.00 ± 0.10. 
In conclusion, the abundance of the TPs increased at the early stage and 
then decreased thereafter during photocatalytic decomposition of CIP with or 
without NOM addition, indicating that they are decomposable during 
photocatalysis. The maximum abundances and the evolution kinetics of the 
intermediates were significantly affected by NOM addition. During 
photocatalytic decomposition of CIP, quinolone ring and piperazine moiety 
were the two main reaction sites. Reactions of •OH/h+-induced defluorination 
and hydroxylation were inhibited in the presence of NOM due to •OH/h+ 
competition by NOM. In contrast, the other parallel reaction pathways of 
dealkylation and oxidation of piperazine ring were intensified by NOM. 
Therefore, the addition of NOM caused significant modification of reaction 
mechanisms of CIP transformation by photocatalytic decomposition. The 
impact of NOM on the TPs of enrofloxacin was also reported by 
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Schmitt-Kopplin et al. (1999) during photolytic decomposition under natural 
sunlight conditions. Their study showed that some enrofloxacin photoproducts 
were significantly suppressed by the presence of HA and FA. Another study by 
Jacobs et al. (2011) also suggested that the yields of the TPs of ibuprofen were 
significantly affected by the presence of FA during photolytic decomposition. 
7.5 Relationship between NOM properties and their effects on CIP 
decomposition 
The properties of NOM may affect their effect on reaction kinetics of 
pharmaceuticals during photolysis and photocatalysis (Caupos et al., 2011; 
Jacobs et al., 2011; Xu et al., 2011a; Ji et al., 2013; Maeng et al., 2015). For 
example, Jacobs et al. (2011) found that PLFA exhibited higher 
photosensitization effect than SRFA on photolytic decomposition of ibuprofen, 
probably due to their compositional differences. Ji et al. (2013) reported that 
Fluka HA exhibited stronger inhibitory effect than Aldrich HA on 
photocatalytic decomposition of atenolol, probably due to the stronger light 
attenuation by Fluka HA. However, the research on the impact of NOM 
properties on reaction kinetics is still very limited. Moreover, it is still largely 
unknown whether the NOM properties will affect the formation of reactive 
species and TPs of pharmaceuticals during photolysis and photocatalysis. 
Therefore, a more comprehensive analysis on the relationship between NOM 
properties and their effect on reaction kinetics, reactive species and TPs of 
pharmaceuticals is strongly recommended during photolysis and 
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photocatalysis processes.  
In this study, photolytic decomposition of CIP was slightly inhibited by the 
three NOM isolates, but the inhibitory effect of NOM was insignificant (p > 
0.05, t-test). The insignificant influence of NOM on CIP photolysis may be 
attributed to two reasons. Firstly, light shielding by NOM probably did not 
play a dominant role in CIP photolysis. Secondly, the counteracting influences 
(photosentization and competition for light/ROS) of NOM appeared to reach 
equilibrium during photolysis. The insignificant influence of five FAs from 
different natural water and soil samples on photolytic decomposition of PAH 
was reported by Xia et al. (2009). From TPs analysis, it was found that SAHA 
showed the strongest inhibitory effect on TPs formation from hydroxylation, 
oxidation of quinolone ring and rupture of piperazine ring during photolysis of 
CIP, compared to SRHA and SRNOM. In addition, SAHA exhibited the 
lowest enhancement in the formation of TPs from dealkylation of piperazine 
ring (TP245 and TP263). These observations indicate the role of NOM 
properties in influencing the reaction pathways of contaminants during 
photolysis. 
During photocatalysis, NOM dramatically decreased the decomposition 
rate constants of CIP, with the inhibitory order of SAHA (49.6%) > SRHA 
(29.9%) > SRNOM (21.2%). This is consistent with the •OH quenching ability 
of the three NOM isolates (SAHA > SRHA > SRNOM), implying that •OH 
quenching probably plays a dominant role in CIP photocatalysis. In addition, 
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SAHA with the highest SUVA254 values demonstrated the strongest inhibition 
on CIP photocatalysis, while SRHA and SRNOM with lower SUVA254 values 
showed less suppression. A similar observation was found by Maeng et al. 
(2015), who reported that SRNOM with higher SUVA254 value exhibited 
stronger inhibitory effect than L-tyrosine on photocatalytic decomposition of 
cimetidine. Since SUVA254 values are closely related to the abundances of 
aromatic functional groups in NOM (Weishaar et al., 2003), the aromaticity of 
NOM is suggested to have critical importance in the mechanism underlying 
the influences of NOM on reaction kinetics and reactive species formation 
during photocatalysis of pharmaceuticals. In addition, SAHA and SRHA 
showed stronger inhibitory effect than SRNOM on the formation of the 
hydroxylated product (TP348b), consistent with their degrees of aromaticity 
and •OH quenching abilities. However, SRNOM demonstrated the largest 
enhancement in the abundances of oxidation products of piperazine ring 
(TP291, TP334a, TP334b and TP362) during CIP photocatalysis, compared to 
SAHA and SRHA. This observation indicates the differences in their 
composition-dependent photoinductive abilities. Compared to SAHA and 
SRHA, SRNOM have higher O/C ratio and more carboxyl groups, which are 
known as the characteristics of photoreactive chromophores (Zhan et al., 
2006). Therefore, SRNOM may have higher photoinductive ability than 
SAHA and SRHA, resulting in stronger promotion in oxidation of piperazine 
ring. This finding is consistent with a previous study by Xu et al. (2011a), who 
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found that SRNOM exhibited higher photosensitization effect than SAHA and 
SRHA on amoxicillin photolytic decomposition under simulated sunlight. 
Therefore, the O contents (O/C ratios) and carboxyl concentrations of NOM 
may have great importance in influencing photoinductive TPs formation. A 
schematic illustration of the relationship between NOM properties and their 
effect on reaction kinetics, reactive species and TPs formation during 
photocatalytic decomposition of CIP is shown in Figure 7.12. 
 
Figure 7.12 Schematic illustration of the relationship between NOM properties 
and their effect on CIP photocatalytic decomposition.  
 
It should be noted that this relationship was deduced from analysis of the 
impact of three selected NOM isolates on CIP photocatalysis. It needs to be 
tested whether it can be extended to other NOM isolates and other 
pharmaceuticals. Further studies on correlating other NOM properties and 
their impact on photolysis and photocatalysis are also needed.  
NOM properties
a) Degrees of aromaticity: 
SAHA > SRHA > SRNOM
b) O/C ratios and carboxyl conc. 
SAHA < SRHA < SRNOM
CIP decomposition rate
Degrees of inhibition: 
SAHA > SRHA > SRNOM
TPs formation
a) Inhibition on hydroxylation
SAHA, SRHA > SRNOM
b) Promotion on piperazine ring oxidation 
SAHA < SRHA < SRNOM
Reactive species formation
Degrees of •OH quenching ability: 






Photolytic and photocatalytic decomposition of CIP was investigated in the 
presence of SAHA, SRHA and SRNOM. Photolytic decomposition kinetics 
was insignificantly affected by the three NOM isolates while photocatalytic 
decomposition kinetics was adversely impacted by them. The degrees of 
inhibition on CIP photocatalytic decomposition by different NOM isolates 
followed the order of SAHA (49.6%) > SRHA (29.9%) > SRNOM (21.2%), 
mainly due to the differences in their •OH quenching abilities. In addition, the 
degrees of inhibitory effect and •OH quenching abilities are consistent with 
the orders of NOM aromaticity (SAHA > SRHA > SRNOM), indicating the 
important role of NOM aromaticity in influencing photolysis and 
photocatalysis. The formation and decay of the TPs arising from photolytic 
and photocatalytic decomposition of CIP were also affected by NOM addition. 
Transformation pathways of hydroxylation and defluorination were generally 
suppressed by NOM, but piperazine ring dealkylation was favored by NOM 
during photolytic and photocatalytic decomposition of CIP. Oxidation of 
piperazine ring was enhanced by NOM during photocatalytic decomposition. 
Moreover, SRNOM showed stronger promoting effect than SRHA and SAHA, 
indicating the importance of NOM characteristics in influencing the 
transformation pathways of PPCPs. The degrees of the enhancement in TPs 
are in accordance with the degrees of O contents (O/C ratios) and carboxyl 
concentrations of different NOM isolates.  
153 
 
CHAPTER 8 CONCLUSIONS AND RECOMMENDATIONS 
8.1 Conclusions 
The presence of PPCPs in aquatic environment is of serious concern 
recently due to their potential risks to the aquatic ecosystem and human health. 
To eliminate PPCPs, photolytic and photocatalytic decomposition processes 
have been successfully applied by using mercury UV lamps. However, the 
drawbacks of the mercury UV lamps, including high energy consumption, 
short lamp life-time and hazardous mercury waste, greatly hamper their large 
scale application. Recently, the development of UV/LED provides a promising 
alternative to the conventional mercury UV lamps for pollution abatement 
with UV-based technologies. This research investigated the transformation 
kinetics and mechanisms of two common PPCPs (TC and CIP) during 
photolysis and photocatalysis under energy-efficient UV/LED irradiation. The 
impact of environmental background NOM on the transformation of TC and 
CIP during photolysis and photocatalysis was evaluated. 
The results showed that TC and CIP could be rapidly removed by 
photocatalysis, with pseudo-first-order rate constants of 0.0971-0.6596 and 
0.0769-0.3109 min-1, respectively (R2 > 0.95). The required electrical energy 
for TC and CIP was 0.58-3.97 and 1.24-4.89 kWh/m3/order, revealing that the 
UVA/LED/TiO2 system is generally economically feasible (≤ 2.65 
kWh/m3/order) for decomposition of PPCPs. Energy consumption by 
UVA/LED in this study was much lower than that by mercury UVA lamps 
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from previous studies. Therefore, UV/LED has great potential to replace the 
conventional mercury UV lamps for future application of photocatalytic 
decomposition process, considering the high decomposition efficiency and the 
reduced energy consumption. 
The effect of pH on TC and CIP decomposition was examined during 
photolysis and photocatalysis under UVA/LED irradiation. The results 
revealed that both photolytic and photocatalytic decomposition of TC and CIP 
were strongly pH-dependent. Decomposition rates of TC were significantly 
accelerated in alkaline solutions due to the red shift of light absorption of 
highly deprotonated TC species. At pH 10, the highest rate constants were 
obtained at 0.5932 ± 0.0196 and 06596 ± 0.0123 min-1, respectively, during 
photolysis and photocatalysis. The highest decomposition rates of CIP were 
attained at pH 8, which were 0.0279 ± 0.0011 and 0.3109 ± 0.0134 min-1, 
respectively, during photolysis and photocatalysis. This pH-dependence is in 
line with the changes in quantum yields of CIP and the pH-dependent 
adsorption of CIP on TiO2. These results suggest that pH plays a significant 
role in photolytic and photocatalytic processes. It also provides better 
understanding of process optimization for PPCPs decomposition when 
applying photolysis and photocatalysis. 
The reaction mechanisms of TC and CIP decomposition by photolysis and 
photocatalysis were elucidated by identifying the reactive species and 
decomposition intermediates/pathways. Both direct photolysis and 
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self-sensitized oxidation contributed to TC and CIP loss during photolytic 
decomposition. Photocatalytic decomposition of TC was resulted from 
oxidation by •OH radicals and changes in TC’s dissociation species by 
electron acquisition, while photocatalytic decomposition of CIP was mainly 
induced by photogenerated holes and •OH. Compared with photolysis, the 
mineralization extents of TC/CIP were greatly improved by photocatalysis. 
Different TPs of TC/CIP were identified from photolysis and photocatalysis, 
although some of them were observed in both processes. Two new TPs were 
detected for the first time during photolytic degradation of TC. Photolytic and 
photocatalytic decomposition of TC shared similar reaction pathways of 
hydroxylation, N-demethylation, H-abstraction and H2O elimination. 
Photolytic and photocatalytic decomposition of CIP proceeded through 
defluorination, hydroxylation, dealkylation/oxidation of the piperazine ring 
and oxidation of quinolone ring. This study is helpful to uncover the 
mechanisms of TC and CIP decomposition by UVA/LED and UVA/LED/TiO2 
systems in the aquatic environment. 
The effect of SAHA on the decomposition kinetics and intermediates of 
TC during photolysis and photocatalysis were investigated for the first time. 
The results showed that TC photolysis could be slightly enhanced by SAHA 
with increasing SAHA concentrations, indicating that photosensitization effect 
was dominant during TC photolysis. In contrast, TC photocatalysis was 
significantly suppressed by SAHA due to surface deactivation of TiO2 and 
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•OH quenching. This suggests that pre-treatment of NOM is crucial to ensure 
the effectiveness of PPCPs elimination when applying photocatalysis. In 
addition, evolution of the TPs of TC showed that the abundances of the TPs 
were greatly affected by SAHA during photolysis and photocatalysis. 
Therefore, the presence of NOM could not only affect the reaction kinetics, 
but also influence the transformation products and pathways of TC during 
photolysis and photocatalysis. The findings of this study provide a context for 
better understanding of the photochemical fate and mechanism of PPCPs in 
the aquatic environment, where NOM is ubiquitously present. 
The effect of different NOM isolates including SAHA, SRHA and 
SRNOM on the decomposition kinetics and transformation pathways of CIP 
was investigated for the first time during photolytic and photocatalytic 
decomposition. The presence of the three NOM isolates exhibited insignificant 
impact on the photolytic decomposition kinetics of CIP. But transformation 
pathways of CIP including hydroxylation and defluorination were generally 
suppressed by NOM during photolytic decomposition, while dealkylation of 
piperazine ring was favored by NOM. During photocatalytic decomposition, 
NOM dramatically inhibited the decomposition rates of CIP, with the order of 
SAHA (49.6%) > SRHA (29.9%) > SRNOM (21.2%), mainly due to •OH 
quenching. Reactions of •OH/hole-induced defluorination and hydroxylation 
were inhibited by NOM, while dealkylation and oxidation of piperazine ring 
were intensified by NOM. These results indicate that the influence of NOM on 
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PPCPs decomposition by photolysis and photocatalysis depends on the 
characteristics of NOM.  
Relationship between NOM properties and their effects on CIP 
decomposition was further deduced. Compared to SRNOM, SAHA and SRHA 
with higher SUVA254 values and higher aromaticity demonstrated stronger 
inhibition on CIP photocatalysis kinetics and hydroxylation pathways. This 
may be resulted from the differences in their •OH quenching ability, which 
followed the order of SAHA > SRHA > SRNOM. These results suggest that 
the aromaticity of NOM may have critical importance in influencing reaction 
kinetics, formation of reactive species and reaction pathways during 
photocatalysis of pharmaceuticals. Oxidation of piperazine ring was promoted 
by NOM during photocatalysis, probably due to photoinductive effect of 
NOM. The degrees of the enhancement in TPs formation followed the order of 
SRNOM > SRHA > SAHA, which agrees with their orders of O/C ratios and 
carboxyl concentrations. These results suggest that O contents (O/C ratios) 
and carboxyl contents of NOM may correlate with the formation of 
photoinductive TPs. These findings may provide further insights into the role 
of NOM properties in influencing reaction kinetics, reactive species and TPs 







Based on the results obtained from this research work, the following are 
recommended for further studies: 
1) Since the mechanism of the NOM’s effect on photolytic and 
photocatalytic decomposition is very complicated, only selected commercial 
NOM isolates were used in this study to evaluate their influence on photolytic 
and photocatalytic decomposition of selected PPCPs. However, a fuller list of 
NOM surrogates should be investigated to enrich the knowledge on the role of 
NOM characteristics in photolysis and photocatalysis. In addition, the impact 
of NOM isolated from real water bodies such as effluent organic matter 
(EfOM) should be incorporated in the future study, for improving the 
understanding the photochemical fate of PPCPs in natural waters which 
received the wastewater effluents. 
2) This study only focused on the effect of NOM on a single kind of PPCP 
(TC or CIP) decomposition during photolysis and photocatalysis. However, 
various kinds of PPCPs are co-present with different levels in the actual 
aquatic environment. Therefore, further work needs to be done to investigate 
the impact of NOM on photolytic and photocatalytic decomposition of PPCPs 
in a coexistent system. Mimicking the situation in natural waters as closely as 
possible will lead to better and more accurate predictions as to the fate of these 
compounds. 
3) In this study, the effect of NOM on photolytic and photocatalytic 
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decomposition was only assessed at pH 6 to simulate a natural water system. 
Further work is needed to evaluate the impact of NOM on photolytic and 
photocatalytic decomposition of PPCPs in broader pH range, in order to better 
predict the fate of PPCPs in the presence of NOM and to fully understand the 
mechanistic influence of NOM on photolysis and photocatalysis. 
4) Establishment of mechanistic models for simulation of the effect of 
NOM on photolytic and photocatalytic oxidation processes is needed, in order 
to accurately predict the fate of PPCPs in the presence of NOM. The 
establishment of these models will be helpful in providing quantitative 
understanding of the influencing mechanisms of NOM. It may also help to 
develop strategies to enhance the performances of photolytic and 
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